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ABSTRACT 

Rajala, Juho 
Behaviour of sediment-associated silver nanoparticles and their toxicity to 
Lumbriculus variegatus 
Jyväskylä: University of Jyväskylä, 2017, 51 p. 
(Jyväskylä Studies in Biological and Environmental Science 
ISSN 1456-9701; 331) 
ISBN 978-951-39-7104-5 (nid.) 
ISBN 978-951-39-7105-2 (PDF) 
Yhteenveto: Hopeananohiukkasten käyttäytyminen ja toksiset vaikutukset 
sedimentissä Lumbriculus variegatus -harvasukamadolle 
Diss. 

The increasing use of silver nanoparticles (AgNPs) in industry and consumer 
products results in the increasing environmental concentrations of AgNPs. In 
the aquatic environment, sediment is the major sink for the AgNPs. The 
behaviour and toxicity of AgNPs in sediments is largely unknown, and 
therefore the potential risk to the benthic ecosystems is difficult to predict. The 
aim of this thesis was to study the toxicity and uptake of uncoated AgNPs (uc-
AgNPs) and polyvinylpyrrolidone-coated AgNPs (PVP-AgNPs) to Lumbriculus 
variegatus in sediment exposures. Also, the association of AgNP-originated 
dissolved Ag with sediment components was studied using a sequential 
extraction method. Studies were conducted in natural and artificial sediments 
using silver nitrate (AgNO3) as a positive control for the toxicity and behaviour 
of silver ions (Ag+). The toxicity of AgNPs was lower than toxicity of AgNO3 in 
all the tested sediments. The properties of both the sediment and AgNPs were 
found to influence the environmental behaviour of AgNPs. The PVP-coating on 
AgNPs increased the bioaccumulation of Ag in alkaline artificial and natural 
sediments, whereas the bioaccumulation of uc-AgNPs was low. The toxicity of 
uc-AgNPs and PVP-AgNPs was comparably enhanced in acidic artificial 
sediment. Firstly, the dissolution of AgNPs was increased by low pH and 
secondly, the toxicity of Ag+ was further enhanced in acidic sediment. AgNP-
originated dissolved Ag was observed to associate strongly with the sediment 
components, and only a small proportion of Ag was bioaccessible. The 
bioaccessibility differed among the sediments and was higher with PVP-AgNPs 
than uc-AgNPs. The toxicity of AgNPs seemed to be a function of Ag+ and no 
nano-specific toxicity was observed. According to our findings, the acute 
toxicity of AgNPs to L. varigatus is not expected to be higher than the toxicity of 
AgNO3.  

Keywords: Bioaccessibility; Lumbriculus variegatus; sediment; sequential 
extraction; silver nanoparticles; toxicity; silver nitrate. 
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1 INTRODUCTION  

1.1 Nanoparticles in general 

The European Commission has defined nanomaterials as natural or artificial 
materials consisting of particles of which over 50 % in the number size 
distribution are in the nanoscale (1–100 nm) or materials that have at least one 
dimension in the nanoscale (Anon. 2011). These small particles are referred as 
nanoparticles (NPs). The definitions are under a criticism as they are always 
arbitrary and materials may have nano-specific properties without meeting the 
composition or size cutoffs (Maynard 2011). However, all NPs are small and 
have structures in the nanoscale. The small size of a NP is difficult to 
comprehend but can be illustrated with a simple comparison; the relative size of 
a tennis ball to the moon is similar to the size of a NP compared to a tennis ball 
(Fig. 1).  

FIGURE 1 The diameter of a nanoparticle (1.4 nm) is 5.0 * 107 times smaller than the 
diameter of a tennis ball (7.0 cm) which is 5.0 x 107 times smaller than the 
diameter of the moon (3500 km).  
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Due to the small size, NPs have a relatively high amount of surface electrons 
and a large surface area. This special but common feature for all NPs makes 
them potentially very reactive and promising for industrial and commercial 
purposes. The use of NPs in commercial products has been increasing annually. 
The consumer products inventory lists 52, 1015 and 1814 products containing 
NPs in the years 2005, 2010 and 2015, respectively (Vance et al. 2015). The 
majority (42 %) of the products are categorized under the Health and Fitness 
group, containing for example, personal care items, clothing, cosmetics and 
sports goods (Vance et al. 2015).  

The most used materials in NP production are: metals (Ti, Ag, Zn, Au), 
carbon and silicon (Vance et al. 2015). Nanoparticles can be produced in a 
variety of shapes (spheres, rods, triangular, tube, cubes etc.). The used material 
and shape depends on the application. For example, relatively long (10 μm) 
carbon nanotubes can be used to produce super durable fibers and small 
spherical gold nanoparticles are promising as drug delivery vectors (Dalton et 
al. 2003, Jewell et al. 2011). In addition to morphology and core material, the 
properties of NPs can derive from their surface chemistry. The surface 
chemistry is often modified during or after the synthesis by coating agents 
(Sperling and Parak 2010). Coatings are typically used to create electrostatic or 
steric forces between the particles. These forces prevent aggregation and 
agglomeration and allow the production of stable NP suspensions. It is also 
possible to add functional coatings on the NPs. The functional coatings are used 
on gold NPs, for example, to enhance the penetration of cell walls for medical 
drug delivery purposes (Jewell et al. 2011).  

Considering the size, material, coatings, and morphology, the variety of 
NPs is almost infinite. All these parameters are important for the function of the 
NPs, which highlights the huge potential of nanotechnology in the future.  

1.2 Challenging field of aquatic nanoecotoxicology  

1.2.1 From ecotoxicology to nanoecotoxicology 

The increasing use of nanomaterials leads to increasing release of NPs into the 
environment, raising concerns over possible harmful effects on ecosystems. 
Ecotoxicology is a relatively new brand of toxicology. It is defined as “the 
branch of toxicology with the study of toxic effects, caused by natural or 
synthetic pollutants, to all levels of biological organization from the molecular 
to whole communities and ecosystems, in an integral context” (Truhaut 1977). 
Adapting ‘nano’ with the term ecotoxicology is more recent. The first scientific 
papers concerning nanoecotoxicology came out in 2006 (Adams et al. 2006, 
Lovern and Klaper 2006). The special properties of nanomaterials pose multiple 
challenges for the nanoecotoxicological research (Cerillo et al. 2017, 
McGillicuddy et al. 2017). Although the number of publications addressing 
these challenges is increasing, many questions still remain.  
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Standardized test protocols have been developed for the use of regulatory 
ecotoxicity testing. The idea behind the standardization is to harmonise the test 
methods and conditions used. The protocols give detailed information from 
laboratory practises to data analysis methods. This way the environmental fate 
and safety of emerging chemicals can be evaluated under controlled laboratory 
conditions. Standardised test guidelines are provided by international 
organisations (Organization for Economic Co-operation and Development, 
OECD), institutions (American Society of Testing and Materials Committee on 
Biological Effects and Environmental Fate) and federal agencies (U.S. 
Environmental Protection Agency). Generally, these guidelines have also been 
proposed to be applicable in use with NPs (Crane et al. 2008, Kühnel and Nickel 
2014, Petersen et al. 2015). All these protocols have however been designed for 
conventional chemicals, not considering the special properties of nanomaterials. 
Several modifications for the guidelines have been proposed and still need to be 
developed, especially considering the characterization, dosimetry and spiking 
of test media (Kühnel and Nickel 2014, Petersen et al. 2015).  

1.2.2 The problem of the characterization 

A lot of effort has gone into improving the characterization techniques of NPs 
in the last years. The solid state of NPs makes the characterization more 
demanding than with conventional chemicals, where the concentration and 
chemical speciation are usually adequate parameters. The comprehensive 
characterization of NPs should involve morphology, size distribution, surface 
chemistry, agglomeration status, possible dissolution rate and the speciation of 
the dissolved compounds (Laborda et al. 2016). All these factors may be 
important for the toxicity and behavior of NPs. Several techniques have been 
developed and applied in simple media. The most commonly used techniques 
are dynamic light scattering and electron microscopy coupled with energy-
dispersive-X-ray spectroscopy to allow the determination of elemental 
composition (Murdock et al. 2008, Dudkiewicz et al. 2011). Transmission 
electron microscopy is often used to obtain size, shape, aggregation status and 
size number distribution of NPs (Dudkiewicz et al. 2011). Scanning electron 
microscopy produces 3D images and gives additional information about the 
morphology (Dudkiewicz et al. 2011). Dynamic light scattering gives also 
information about particle size distribution and aggregation status (Murdock et 
al. 2008). Advantage of the dynamic light scattering over the electron 
microscopy techniques is that it does not require dried samples but is done in 
suspension. The samples are thus more representative.  

The problem arises when NPs are introduced into environmental media. 
The properties of the media, such as ionic strength, pH, concentration of 
organic matter and other complexing agents, have a great influence on NP 
behaviour (Lowry et al. 2012). In the worst case, the initial characterization does 
not necessarily represent the properties of media-associated NPs at all. For 
example, initially stable suspensions of NPs can rapidly aggregate and 
precipitate in aquatic media. Recently, the single particle-inductively coupled 



12 
 
plasma-mass spectrometry has proven to be a promising new technique to 
simultaneously characterize size, size distribution, aggregation status and mass 
of NPs, also directly from environmental media (Kim et al. 2017). 
 To avoid drawing wrong conclusions, the characterization of NPs is 
recommended to be done in the test media at the beginning and at end of the 
exposure (Handy et al. 2012). In addition, the characteristics should preferably 
be studied during the test to ensure stability and consistent exposure (Handy et 
al. 2012). In environmental media, the characterization of NPs is more 
complicated and not always possible. As environmental media typically 
contains suspended solids and natural organic matter, the detection of NPs is 
difficult. Organic NPs in particular are difficult to separate from the organic 
background of the media. Highly sensitive techniques to detect AgNPs are also 
required, because environmental concentrations of AgNP are typically low 
(Handy et al. 2012). 
 When considering highly complex media, such as sediment, not much 
can be done with current methodology (Tiede et al. 2008, Petersen et al. 2015). 
The total concentration of inorganic NPs can be assessed with acid digestion. It 
does not tell us much about the NPs, as they dissolve during the digestion. The 
strong reactivity of NPs leads to interactions with the sediment components. 
Therefore, a more detailed characterization needs an additional separation step 
before the characterization is possible (Plathe et al. 2010, Von der Kammer et al. 
2011). The separation step usually involves the use of strong solvents, which 
can alter the state of NPs and further influence the results (Tiede et al. 2008). The 
most promising techniques to characterize NPs from sediments without 
extensive modifications are chromatographic techniques and especially flow 
field-flow fractionation (Cumberland and Lead 2009, Tiede et al. 2009, 
Koopmans et al. 2015). Overall, there are no standard methods to characterize 
NPs in complex environmental media. The lack of proper characterization 
methods is a major step back in sediment studies. 

1.2.3 Question of dosimetry 

With most conventional chemical substances, mass concentration is typically 
used to express the exposure, as it reflects the number of molecules. Mass 
concentration is often used also with NPs, but it might not be the most suitable 
dose metrics. The problem arises from the insoluble or partly soluble nature of 
many NPs and the varying size distribution. Thus, the mass concentration does 
not reflect the number of NPs in the exposure media. Particle number 
(Wittmaack 2007), number size distribution (Kennedy et al. 2012, Rosário et al. 
2016) and surface area (Schmid and Stoeger 2016), have been proposed to be 
better dose metrics over traditional mass concentration. However, it is unlikely 
that any of the suggested dose metrics are better than the mass concentration 
for all NPs in all systems (Petersen et al. 2015). Therefore, the mass 
concentration is still widely used. Sufficient characterization of NPs, including 
at least particle size, size number distribution, aggregation status and shape, in 
all environmental studies is recommended so that different dose metrics can be 
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applied to the data later if one of them proves to be more suitable than mass 
concentration (Anon. 2012). 

1.2.4 Spiking of the test media 

Toxicity testing of NPs in aqueous media requires stable suspension of NPs in 
the test media. If particles tend to aggregate, they will eventually precipitate 
from the test media preventing the exposure (Handy et al. 2012). The stability of 
NPs can be increased with surface stabilizers (Sperling and Parak 2010). As 
these stabilizers are also used in commercial NPs, toxicity testing of surface 
stabilized particles is reasonable. Many of the particles however are not stable 
in aqueous media and external stabilizers need to be used. The use of organic 
solvents is not recommended due to the possible toxic effects involved 
(Petersen et al. 2014). Use of natural organic matter (NOM) as a surface 
stabilizer is promoted by the low toxicity and natural relevance, but NOM may 
also have a strong decreasing effect on the toxicity and dissolution of NPs 
(Fabrega et al. 2009, Liu and Hurt 2010). Overall, the use of dispersants must 
always be carefully considered and accompanied with the adequate control 
treatments (Handy et al. 2012, Petersen et al. 2014). 

The most common way to spike NPs into sediment is direct addition as 
dry powder or in suspensions (Handy et al. 2012). If dry powder is used, 
aggregation status of NPs is expected to be high, but spiking of high 
concentrations is possible. In suspension, NPs are less aggregated, but the 
liquid media is transferred into the sediment together with NPs. This increases 
the liquid content of the sediment, and thus limits the possible concentration 
range.  

Another strategy is to spike NPs indirectly into the overlying water and let 
them settle onto the sediment (Handy et al. 2012). This is a more 
environmentally realistic way to spike the NPs, as it mimics the natural route of 
NPs from overlying water to the sediment. The method is suitable for use with 
epibenthic organisms that feed at the surface of the sediment. If endobenthic 
sediment burrowing organisms are used, direct addition of NPs to the sediment 
should be preferred as these organisms feed below the sediment surface.  

The general recommendation for the spiking of NPs into environmental 
media is to ensure that the exposure takes place in the most environmentally 
relevant way (Crane et al. 2008). Until more specific recommendations and 
standard protocols are available, the spiking procedure should always be 
carefully considered, taking into account the properties of the NPs, media, and 
the behaviour of the used test species. 
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1.3 Silver nanoparticles 

1.3.1 From products to environment 

Silver nanoparticles (AgNPs) are the most used of all NPs, when measured as 
the percent of manufactured commercial products (Vance et al. 2015).  Due to 
the unique thermal, electrical, optical and antibacterial properties, AgNPs are 
used in paints, cleaning agents, textiles, electronics, cosmetics, anti-microbial 
coatings and medical applications (Piccinno et al. 2012, Hansen et al. 2016). The 
estimated annual production is 5.5–500 t (Aschberger et al. 2011, Piccinno et al. 
2012, Windler et al. 2013, Sun et al. 2014). The increasing use of AgNPs in 
industry and consumer products leads to release of AgNPs into the 
environment. Sun et al. (2014) estimated that ~ 6.5 % of annually produced 
AgNPs will reach the surface waters. The release of AgNPs to surface waters 
takes place mainly via wastewater treatment plants and untreated waste waters 
(Sun et al. 2014). Majority of AgNPs is expected to precipitate from surface 
waters into sediments (Quik et al. 2014, Velzeboer et al. 2014). 

1.3.2 AgNPs in the aquatic environment  

The properties of AgNPs in the aquatic environment are likely to be greatly 
modified from the initial ones in stock suspensions or dry conditions. 
Aggregation, dissolution and surface modifications are the most important 
processes affecting AgNPs. Both the initial properties of the AgNPs and the 
properties of the surrounding media have major effects on the behavior of 
AgNPs in the environment. 

AgNPs are typically produced by reduction of Ag+ with organic or 
inorganic reducing agents, followed by surface stabilization (Iravani et al. 2014). 
Stabilization makes AgNPs less prone to aggregation, dissolution and surface 
modifications. If surfactants are not used, the repulsive forces between the 
particles are typically weak and they are easily homoaggregated already in the 
stock solutions. The increasing ionic strength of the media enhances the 
aggregation of AgNPs, because the repulsive forces between the particles can be 
screened by the high electrolyte concentration (Chambers et al. 2013). Ionic 
strength of the media also promotes heteroaggregation of AgNPs with 
suspended solids, which is believed to be the main mechanism precipitating 
AgNPs from surface waters to sediments (Quik et al. 2014, Velzeboer et al. 2014). 

Dissolution of AgNPs is an environmentally important process, as 
dissolved Ag is known to be very toxic for aquatic organisms (Ratte 1999). 
Dissolution takes place mainly under aerobic conditions when the surface of 
AgNP gets oxidized and Ag+ is released. High ionic strength and low pH of the 
aqueous media promotes the dissolution of AgNPs (Liu and Hurt 2010, 
Chambers et al. 2013, Peretyazhko et al. 2014). In more complex media, the 
dissolution is reported to be independent of pH, possibly due to increased 
aggregation tendency (Fabrega et al. 2009, Cornelis et al. 2012). However, it is 
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difficult to study the dissolution of AgNPs in the complex media, as the 
dissolved Ag species rapidly complex with the environmental media. As 
dissolution is enhanced by the low pH of aqueous media, it is likely that a 
similar process takes place also in the more complex media, such as sediment. 

In the environmental media, where many complexing agents are present, 
the surface chemistry of AgNP can alter. Especially sulfides and chlorides have 
high affinity to Ag and both have been shown to passivate AgNPs by forming 
an insoluble layer of AgCl or Ag2S on the surface of AgNPs (Kaegi et al. 2011, 
Levard et al. 2013a, Levard et al. 2013b). The passivation by sulfides is 
reversible, as under oxic conditions the Ag2S is prone to oxidation (Levard et al. 
2013a). Aggregation may be induced also, due to the formation of AgCl and 
Ag2S bridges that link AgNPs together (Reinsch et al. 2012). If chloride 
concentration is high, though, the dissolution of AgNPs is enhanced due to the 
formation of soluble AgClx complexes (Levard et al. 2013b, Quik et al. 2014). 
Also NOM increases the stability of AgNPs by forming organic coatings on the 
surface of AgNPs, thereby protecting the particles from aggregation and 
dissolution (Liu et al. 2010, Delay et al. 2011, Kennedy et al. 2012, Gunsolus et al. 
2015). In particular, NOM rich in sulfur and nitrogen groups reacts strongly 
with AgNPs and has the potential to replace the initial surface coatings similar 
to chlorides and sulfides (Yang et al. 2014, Gunsolus et al. 2015). 

Overall the behavior of AgNPs in the environmental media is highly 
varying and difficult to predict. As many environmental factors in addition to 
AgNP properties influence the behavior of AgNPs, it is essential to consider all 
the parameters carefully. The link between laboratory and in-situ studies can 
sometimes be difficult to establish. However, experiments under controlled 
laboratory conditions can give us information about the effects of specific 
parameters and add comparability between the studies. In addition, more in-
situ research considering also site-specific effects and behaviour of AgNP is 
needed. 

1.3.3 The mode of AgNP toxicity  

The toxicity of Ag compounds has been studied for decades, as Ag+ is one of the 
most toxic metal ions to aquatic organisms. In the review article by Ratte et al. 
(1999), Ag was concluded to be algicidal, bactericidal, fungicidal and toxic to 
aquatic invertebrates and vertebrates. Tendency of AgNPs to dissolve in the 
environmental media has raised questions regarding whether the toxicity of 
AgNPs is solely a function of Ag+ or if there are nano-specific modes of toxicity. 

Many studies support the theory of Ag+ driven toxicity, as the toxic effects 
can be well related to the dissolved concentration of Ag (Yang et al. 2011, 
Newton et al. 2013). Inhibition of K, Na -ATPase leading to osmoregulatory 
failure has been reported to be the main toxic mechanisms in crustacean and 
fish (Hogstrand and Wood 1998, Bianchini and Wood 2003). In addition, DNA 
replication failure, inactivation of proteins, inhibition of respiratory processes, 
and oxidative stress have been reported to take place in bacteria, plants and 
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benthic annelida (Feng et al. 2000, Pal et al. 2007, Cozzari et al. 2015, Homaee and 
Ehsanpour 2016).  

An increasing number of papers indicate that toxicity of AgNPs can be 
higher than toxicity of Ag+ alone, indicating nano-specific toxicity. One 
suggested mode of toxicity is referred to as “Trojan horse”. It means that 
AgNPs are internalized into the test organism then dissolve and release toxic 
Ag+ inside the organisms. The Trojan horse -type of toxicity has been seen in 
cell cultures and in algae (Park et al. 2010, Gliga et al. 2014, Hsiao et al. 2015, 
Wang et al. 2016). Intracellular release of Ag+ can possibly take place also in 
animalia, as uptake of AgNPs has been observed in crustaceans, fish and 
benthic annelida (Lee et al. 2007, Zhao and Wang 2010, García-Alonso et al. 
2011). In addition, genotoxicity, mitochondrial toxicity and oxidative stress 
responses have been observed in AgNP-exposed organisms and thus suggested 
as possible mechanisms for AgNP-specific toxicity (Kim and Ryu 2013, 
Stensberg et al. 2014, Buffet et al. 2014, Cozzari et al. 2015, Park et al. 2015, Li et al. 
2017, Luo et al. 2017). 

1.3.4 Toxicity of AgNPs in the sediment 

Most of the toxicity studies with benthic organisms are done using waterborne 
exposures. Waterborne exposures are not environmentally realistic, as they do 
not consider the natural habitat of the benthic species. In addition, the 
behaviour of AgNPs in sediment is expected to be highly different from that in 
aqueous media. The toxicity of AgNPs is often overestimated in waterborne 
exposures compared to sediment exposures (Park et al. 2015, Lee et al. 2016).  

For the benthic fauna, sediment-associated AgNPs have typically low 
toxicity when observed in acute tests using classical endpoints such as 
mortality, reproduction or growth of the test organisms. No toxic effects were 
seen in benthic annelida, arthropoda, crustacea or mollusca at the AgNP 
concentrations varying from 75 to 367 mg kg-1 dw (Coleman et al. 2013, Dai et al. 
2013, Wang et al. 2014, Ramskov et al. 2015). However, the toxicity seems to be 
species-specific. In multispecies studies across three phyla, only the growth of 
annelida was affected at the concentration of 1 mg kg-1 dw (Chan and Chiu 
2015). In addition, Ramskov et al. (2015) observed different toxicity among the 
annelida species. 

When more sensitive molecular level endpoints are used, toxic effects are 
seen more often and in lower concentrations of AgNPs. DNA damage and 
activation of oxidative stress markers have been observed in benthic arthropoda 
and annelida at AgNP concentrations ranging from 1.0 to 50 mg kg-1 dw (Cong 
et al. 2011, Cong et al. 2014, Cozzari et al. 2015, Park et al. 2015). 

Overall, the toxicity of sediment-associated AgNPs is poorly studied and 
more research is urgently needed. The environmental risk assessments in 
sediment are currently impossible to do, due to the scarcity of ecotoxicological 
data from the sediment assessments (Coll et al. 2016). 
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1.4 Lumbriculus variegatus 

Endobenthic oligochaeta Lumbriculus variegatus Müller, 1774 is a common 
widespread freshwater sediment species that is easy to culture and handle in 
the laboratory (Phipps et al. 1993). The species has many desirable features for 
ecotoxicological testing. Thereby, it is commonly used in bioassays and as a 
model organism in standardized toxicity tests (Anon. 2002, Anon. 2007). 

As endobenthic organisms, worms bury into the sediment, leaving the tail 
part over the sediment surface (Fig. 2). Respiration takes place mainly through 
posterior body wall (Thorp and Covich 1991). As the bright red color of species 
indicates, L. variegatus have red blood pigment to aid the oxygen uptake and 
transport (Thorp and Covich 1991). Worms ingest the sediment using organic 
matter and especially bacteria as a source of nutrition (Thorp and Covich 1991). 
Faeces are egested on the top of the sediment. Feeding behavior of the worms 
adds bioturbation to the sediment.  

 

 
 
FIGURE 2 Lumbriculus variegatus worms partly buried into the artificial sediment in 

the laboratory test units. Egested faeces can be seen at the top of the 
sediment as a dark coloured layer. 

 
L. variegatus reproduce mainly asexually by architomy. Fully grown individuals 
fragment into two parts and regenerate new posterior and anterior ends. 
Development of new segments takes 2 to 7 days, pausing the feeding of the 
organisms (Leppänen and Kukkonen 1998b). In laboratory cultures, the 
population size is reported to double every 10 to 14 days in 20 °C temperature 
(Phipps et al. 1993). Although the species can potentially reproduce sexually, 
this has not been observed in the laboratory cultures. Architomy reproduction 
has been proven to be useful in toxicological tests, as worms can be artificially 
cut in half to ensure the similar size and reproductive states. The procedure is 
referred to as synchronization of the test species and recommended to be done 
in the standard test protocol (Anon. 2007). 
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 Fast growth and reproduction enables the use of these parameters as 
endpoints in the acute and sub-acute toxicity tests. Reproduction is a more 
sensitive endpoint than growth for oligochaetes in the metal toxicity 
assessments, and mortality has been observed to occur only in very high 
concentrations (Wiederholm et al. 1987). In general, it is difficult to observe the 
survival of the worms due to architomy reproduction, and it is often replaced 
by the total number of the worms after the test period (Phipps et al. 1993). Also 
behavioral endpoints, such as avoidance of sediment or feeding rate, have been 
proven to be simple and sensitive endpoints for toxicity (Leppänen and 
Kukkonen 1998b, West and Ankley 1998, Landrum et al. 2004). 

As many species prey on L. variegatus, it is an excellent species in 
ecotoxicological studies concerning bioaccumulation and biomagnification of 
contaminants. Due to the partial burial behavior into the sediment, worms are 
susceptible to contaminant exposure via several pathways. Contaminants can 
enter the organism from the overlying water through the respiratory posterior 
part, from the sediment pore water through the skin contact or from the 
ingested sediment through the digestion channel.  



2 OBJECTIVES 

The main objective of the present thesis was to evaluate the toxicity of 
sediment-associated AgNPs to the benthic oligochaete L. variegatus. Toxicity of 
AgNPs to benthic fauna has been so far studied using mostly waterborne 
exposures. Only sediment exposures were utilized in this thesis, as sediment is 
the natural habitat of the test organisms. Artificial sediments and natural 
Finnish freshwater sediments were used to assess the effects of sediment 
properties on the toxicity of AgNPs. Also the effect of AgNP surface chemistry 
was studied by comparing the toxicity of uncoated-AgNPs (uc-AgNP) to 
polyvinylpyrrolidone-coated AgNPs (PVP-AgNP). Silver nitrate (AgNO3) was 
used as a positive control for the toxicity of Ag+. In addition, the toxicity of 
AgNPs was linked to the bioaccessible concentration of nanoparticle-originated 
dissolved Ag in the test sediments. More precisely, the objectives were: 

1. To compare the toxicity of AgNPs with Ag+ (spiked as AgNO3) in
sediment exposures using L. variegatus as a model species (I, III)

2. To assess the partitioning and bioaccessibility of dissolved Ag in AgNP
and AgNO3 spiked sediments (II, III)

3. To study the effect of sediment properties on the toxicity of AgNPs (I, III)
4. To evaluate the effect of the PVP-coating on AgNP to the toxicity and

bioaccumulation of AgNPs in sediment (II, III)



3 MATERIAL AND METHODS 

3.1 Test substances 

Two types of AgNPs were purchased from the Nanostructured and Amorphous 
materials Inc. (Nanoamor, Houston, USA) and used throughout the studies. The 
main difference between the AgNPs was the surface chemistry. Uncoated 
AgNPs were prepared without any surface modifications and PVP-AgNPs were 
surface stabilized with polyvinylpyrrolidone (PVP, 0.2 % of the total mass). The 
PVP-polymers bind strongly on the surface of AgNPs through nitrogen atoms, 
adding steric repulsion between the particles. Increased repulsion further 
inhibits particle-particle contact and prevents reversible agglomeration and 
irreversible aggregation (Zhang et al. 1996). The Ag core of uc-AgNP is 
protected by Ag-oxide layer (Li et al. 2011). As no additional surface stabilizer 
was used, the AgNPs are referred as “uncoated”. Generally uc-AgNPs are more 
prone to agglomeration and dissolution than surface stabilized particles in 
environmental media (Li et al. 2011). Both uc-AgNP and PVP-AgNP are widely 
used in scientific publications and were thus selected for the model particles in 
our study (Reidy et al. 2013). 

The nominal diameter reported by the manufacturer was 25 nm for uc-
AgNPs and 30–50 nm for PVP-AgNPs. For the characterization, a small amount 
of dry AgNP powder was suspended in 1 ml of sterile water and sonicated for 
30 min in a water bath. The size of AgNPs was further analysed by measuring 
the diameter of individual spherical particles from the pictures taken by 
transmission electron microscope JOEL JEM-1400, using 25 000× magnification 
(Fig. 3). Observed diameters varied between 11.9–48.8 nm, resulting in a mean 
diameter of 39.4 nm (SD = 12.6 nm, n = 344) for uc-AgNPs and 7.5–74.8 nm, 
resulting in a mean diameter of 28.6 nm (SD = 5.80 nm, n = 205) for PVP-AgNPs 
(II, III) (Fig. 3 A, B). AgNPs formed large aggregates in highly concentrated 
stock suspensions (Fig. 3 C, D). A second batch of PVP-AgNPs from the same 
manufacturer was also used (I). The mean diameter was observed to be 81.8 nm 
(SD = 1.59 nm, n = 294) (Heckmann et al. 2011). Purity of PVP-AgNP was 99.9 % 
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and that of uc-AgNP 99.5 %, and all AgNPs were stored as dry powder prior to 
the use. Analytical grade AgNO3 was used as a reference compound for Ag+ 
toxicity and behaviour in sediment (I, II, III).

FIGURE 3 Transmission electron microscope pictures of A) individual uncoated silver 
nanoparticles (uc-AgNP), B) individual polyvinylpyrrolidone-coated silver 
nanoparticles (PVP-AgNP), C) agglomerated uc-AgNPs and D) 
agglomerated PVP-AgNPs.  

3.2 Exposure media 

3.2.1 Test sediments 

Natural sediments were collected form Lake Höytiäinen (HS, 62°48´N, 29°41´E) 
and Lake Kuorinka (KS, 62°37´N, 29°24´E), situated in the eastern Finland. 
These sediments represent the typical geochemical background of Finnish lake 
sediments. The concentration of organic contaminants is minimal in HS and KS, 
and both sediments have been used as clean reference sediment in toxicity 
assessments (Ristola et al. 1996, Mäenpää et al. 2003). The organic carbon (OC) 
content and pH were higher in HS compared to KS (Table 1). Also the 
concentration of Fe and especially Mn oxides (Feox, Mnox) was higher in HS 
compared to KS (Table 1). 

Artificial sediments AS1 (I), AS2 (II), AS3 and AS4 (III) were constructed 
in the laboratory, following the standard guideline (Anon. 2007). All sediments 
consisted of 75 % combusted quartz sand, 5 % finely ground (< 500 μm) 
sphagnum peat and 20 % kaolin. Powder made out of leaves of Urtica dioica 
(0.4–0.5 % of total dw) was used as a food source. In AS2, the grain size of used 
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quartz sand was relatively smaller (100–200 μm) compared to other artificial 
sediments (~60 % 100–200 μm, ~40 % 200–1200 μm). The pH of AS1, AS2, and 
AS3 was adjusted to ~7 and AS4 to ~5 with CaCO3 (Table 1). More detailed 
characterization of the sediments can be found in each individual study (I, II, 
III).   
 
TABLE 1 Characteristics of the artificial (AS1, AS2, AS3, AS4), Lake Höytiäinen (HS1, 

HS2) and Lake Kuorinka (KS1, KS2) sediments. The pH is reported as an 
average of the weekly measurements during the toxicity assessments. 
Organic carbon content (OC) was measured before the tests in three 
replicates and the concentration of Fe and Mn oxides (Feox, Mnox) was 
measured in three replicates after the test period. Standard deviations are 
given in the brackets.  

 
Parameters Test sediments 

 AS1 AS2 AS3 AS4 HS1 HS2 KS1 KS2 

         

pH 6.70 8.06 7.65 5.29 7.10 5.93  5.10 5.32 
(0.26) (0.29) (0.32) (0.23) (0.21) (0.17) (0.11) (0.61) 

OC 0.59 1.36 1.24 1.18 3.12 2.57  2.22 1.70 
% (0.15) (0.07) (0.02) (0.02) (0.31) (0.04) (0.14) (0.00) 

Feox 153 19700 9840 
mg kg–1  (2)    (730)  (340) 

Mnox 0.343 20400 313 
mg kg–1  (0.020)    (920)  (26) 

        
 

3.2.2 Artificial fresh water  

Artificial fresh water (AFW) used in the experiments was prepared according to 
the standard guideline by adding analytical grade calcium chloride, magnesium 
sulphate, sodium bicarbonate and potassium chloride to ultrapure water (Anon. 
2007). The proportion of Ca : Mg ions was 1 : 4 and Na : K ions 10 : 1.  The sum 
of Ca and Mg ions was 2.5 mmol l–1 in the first toxicity assessment (I) as 
recommended by the toxicity guideline, but reduced to 1.0 mmol l–1 for the 
further studies (II,III). The ionic strength was reduced to correspond to the 
culture conditions of the test organisms. 

3.2.3 Spiking of the test sediments  

Direct addition of AgNPs and AgNO3 into the test sediments was used as a 
spiking method in all experiments (I, II, III). Dry AgNP powder was first mixed 
to a small subsample of AS1, HS1 and KS1 by hand with a metal spoon. The 
subsample was then mixed to the rest of the test sediment first by hand and 
then for 1 h with a rotating metal blade (I). Dry AgNP powder was directly 
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added into AS2, HS2 and KS2, mixed with a rotating metal plate and placed in 
an overhead mixer (12 rpm) for 24 h (II). Due to the high agglomeration 
tendency of uc-AgNPs, dry AgNP powder was first moistened (1 ml of 
ultrapure water) and sonicated for 10 min to break down the largest 
agglomerates before spiking in AS3 and AS4 (III). The spiked sediments were 
mixed with a rotating blade and further placed in an overhead mixer (12 rpm) 
for 24 h.  Spiking of AgNO3 followed a similar protocol as used with AgNPs, 
except that AgNO3 was dissolved in ultrapure water before introducing it into 
the sediment. The control treatments without Ag were treated in a similar way 
as the Ag-spiked sediments.  

3.3 Test organisms 

Two laboratory cultures of endobenthic oligochaeta L. variegatus were used in 
the experiments. First culture was maintained at the Department of Biology, 
University of Eastern Finland, Joensuu, Finland (I) and the second culture at the 
Department of Biological and Environmental Science, University of Jyväskylä, 
Jyväskylä, Finland (II, III). Both cultures were maintained in constantly aerated 
large aquariums filled with AFW (1.0 mmol as sum of Ca and Mg ions). 
Cellulose paper tissues were used as a substrate and worms were fed with 
Tetramin fish food (Tetrawerke). The light regime of the culture rooms was 16 h 
light and 8 h dark, and temperature 20 ± 2 °C. An acclimation phase of a 
minimum of 24 h was used to adapt the organisms to test water. The test 
organisms were synchronized by cutting them in half 13–14 days before the 
exposures (II, III). This was done to ensure the similar size and reproductive 
states of the organisms. If synchronization was not done, individually selected 
similar sized worms with no signs of recent reproduction were used in the 
experiments (I).  

3.4 Performed experiments 

3.4.1 Summary of the experiments 

A brief description on each performed experiment is given under this section 
(Table 2). The concentrations used in the toxicity tests were selected according 
to the preliminary experiments (I, III). The lowest concentrations used were 
considered to be environmentally realistic. For the second study, the 
concentrations were selected to be high enough to ensure the analytical 
precision but low enough for L. variegatus to survive (II). The concentration of 
AgNP was over what is expected to be found in the environment, but the 
processes studied are considered environmentally realistic. More detailed 
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information on the experiments is given in the individual part studies referred 
in the text (I, II, III).  
 
TABLE 2 Overview of the used endpoints for toxicity, sediments (AS = artificial, HS 

= lake Höytiäinen, KS = lake Kuorinka), Ag substances (PVP-AgNP = 
polyvinylpyrrolidone-coated silver nanoparticles, uc-AgNP = uncoated 
silver nanoparticles, AgNO3 = silver nitrate) and nominal Ag concentrations 
in each individual part study.   

 
Study Endpoints Sediments Ag substances and concentrations (mg kg–1) 
    
I No. of individuals AS1 AgNO3: 

Biomass HS1 10, 40, 100, 200, 400 
Reproduction KS1 PVP-AgNP: 
Feeding rate 100, 300, 600, 900, 1200 

II Partitioning of Ag AS2 AgNO3: 
Bioaccessibility HS2 20 
Total body burden KS2 PVP-AgNP, uc-AgNP: 

300 

III No. of individuals AS3 AgNO3: 
Biomass AS4 10, 20, 40, 100, 300 
Bioaccessibility PVP-AgNP and uc-AgNP, AS3:  
Total body burden 40, 100, 300, 700, 1400  

PVP-AgNP and uc-AgNP, AS4:  
10, 40, 100, 300, 1000 

    
 

3.4.2 Toxicity test (I, III).   

The standard toxicity test guideline 225 for the effects of sediment-associated 
chemicals on the reproduction and the biomass of the L. variegatus provided by 
the OECD was followed with slight modifications (Anon. 2007.) 

The Ag-spiked test and control sediments were added to the bottom of 250 
ml glass beakers and topped with AFW (Table 2). The amount of sediment was 
calculated to exceed the 1 : 50 ratio of dry biomass of the test organisms to the 
total OC of the sediment. A separate control group with 3 replicates was used 
for each Ag compound, and the number of replicates for the Ag exposures was 
4 for each concentration. In each unit, 10 L. varigatus were introduced as a 
model organism for the toxicity of Ag substances. Worms were exposed to the 
Ag spiked sediments for 23 (III) or 28 days (I). The test units were constantly 
aerated and pH (I, III) and ammonium concentration (III) measured from the 
overlying water once a week. The temperature of the test room was 20 ± °C 
and the light regime adjusted to 16 h light and 8 h dark. At the end of the 
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exposure, worms were sieved out of the sediment, counted and dried at 105 °C 
overnight. The total dry weight of the worms was measured and the dried 
samples were stored in the dark at 4 °C for the analysis of total body burden 
(TBB) of Ag by inductively coupled plasma atomic emission spectrometry (ICP-
OES). Number of individuals, biomass and reproduction were used as 
endpoints for the toxicity (Table 2). Three parameter log-logistic models were 
used to estimate the effective concentrations where the response was 50 % of 
that in the control group (EC50) (I, III). The no-observed-effect concentrations 
(NOEC) and the lowest-observed-effect concentrations (LOEC) were defined 
using the stepwise step-down Jonckheere-Terpstra test. The Kruskal-Wallis 
rank sum test, with multiple comparisons between groups according to Siegel 
and Castellan (1988), was used to compare the responses among the different 
Ag concentrations (p < 0.05) (I). 

3.4.3 Feeding rate (I) 

The feeding behaviour of L. variegatus makes it possible to observe the amount 
of sediment egested. Worms feed below the sediment surface egesting the 
faeces on the top of the sediment. Faeces can be separated from the bulk 
sediment by adding a thin quartz sand layer at the top of the sediment. Egested 
faeces can be collected from the top of the quartz sand layer. Feeding rate of L. 
variegatus is proven to be a sensitive indicator of response to contaminant 
concentrations (Leppänen and Kukkonen 1998a, Leppänen and Kukkonen 
1998b, Landrum et al. 2002).  

Feeding rate of the worms was observed in a separate assessment using 
PVP-AgNP spiked AS1, HS1 and KS1 sediments (I). The test was done in 50 ml 
beakers with 3 replicates for each Ag concentration (Table 2). For each of the 
test sediments, 2 control groups with 3 replicates without added Ag substances 
were used. Each unit received 23 g of wet sediment and was topped with AFW. 
The egestion rate of 5 individually selected similar sized L. variegatus worms 
was followed over the 14-day exposure period. The faecal pellets were collected 
from the top of quartz sand every second day and the dry weight of the pellets 
measured after overnight incubation at 105 °C. The test water was renewed, 
and pH and oxygen saturation measured in 2-day intervals. After 14 days, the 
worms were sieved out of the sediment, counted and the dry weight measured 
after overnight incubation at 105 °C. The amount of faeces produced was 
normalized to the total dry biomass of the worms after the exposure (mg mg–1 
dw). The differences on the feeding rate among Ag concentrations were studied 
using one-way ANOVA followed with Tukey’s honestly significant difference 
post-hoc test (p < 0.05). Normality of the data was tested with Shapiro-Wilk 
normality test and the homogeneity of variances with Levene’s test (p < 0.05). 

3.4.4 Partitioning and bioaccessibility of dissolved Ag (II, III) 

Partitioning of dissolved Ag spiked as AgNO3, uc-AgNPs and PVP-AgNPs 
were assessed in a separate experiments using AS2, HS2 and KS2 sediments 
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(Table 2) (II). The experiment was done in 50 ml glass beakers using 3 replicates. 
Spiked test sediment was added at the bottom of the beaker and topped with 
AFW. Test units were aerated, and 3 synchronized L. variegatus were introduced 
into each unit. The amount of sediment was calculated to match 1 : 50 ratio of 
dry biomass of the test organisms to total OC in the sediment. Partitioning of 
Ag was studied after 2, 5, 9, 14 and 28 days contact time (II).  

Sequential extraction method was used to evaluate the partitioning of Ag 
with the sediment components (II). The procedure followed classical Tessiers 
method accompanied with ultrasound-assisted extraction (Tessier et al. 1979, 
Väisänen et al. 2002). Although the method does not separate the 
nanoparticulate Ag from other Ag species, the amount of AgNPs in the samples 
was theoretically and experimentally proven to be negligible (II, III). All the Ag 
analysed from the AgNP spiked sediment samples was thus assumed to derive 
from the dissolved AgNPs (II, III).  

Sediment-associated dissolved Ag was analysed from 5 sediment 
fractions: 1) Ag in the water-soluble fraction, 2) bound to the exchangeable 
fraction, 3) bound to carbonates, 4) bound to Feox and Mnox, and 5) bound to 
NOM. The sum of water-soluble and exchangeable fraction is referred as the 
bioaccessible fraction. In addition, Ag associated with the residual fraction was 
calculated by extracting the total amount of extractable Ag from the total 
dissolved Ag in the sediment. The residual fraction consists of Ag-sulfides, Ag 
trapped into cavities of amorphous clays and reduced metallic Ag, and is 
considered to be highly stable (Tessier et al. 1979, Yamada et al. 2001, Akaighe et 
al. 2011). The dissolution of AgNPs was estimated by relating the partitioning of 
AgNP spiked Ag to AgNO3 spiked Ag (II). The extraction results were 
normalized to the estimated total dissolved concentration of Ag in the sediment 
(II). 

The bioaccessibility of Ag was also assessed in the toxicity test using AS3 
and AS4 (III). Only the first two steps of sequential extraction were performed 
to the sediment samples to evaluate the water-soluble and exchangeable Ag 
concentrations. The toxicity of Ag, observed as biomass decrease, was related to 
the bioaccessible concentration of dissolved Ag in the test sediments using three 
parameter log-logistic models (III).  

3.4.5 Total body burdens (II, III) 

The dried worm samples from the Ag exposures were digested with aqua regia 
(3:1 HCl : HNO3) and analysed by ICP-OES to assess the TBBs of Ag (II, III). 
Aqua regia -digestion dissolves all forms of Ag in the samples, thus the 
speciation of Ag could not be assessed. The bioaccumulation of Ag was 
observed as TBB of Ag after 2, 5, 9, 14 and 28 days exposure (II). In the toxicity 
assessment, the TBBs were related to the biomass of the worms (III). Critical 
body burdens (CBB50), where the biomass of the worms was decreased to 50 % 
of that in the control treatment were estimated using three parameter log-
logistic model and compared with z-test (p < 0.05) using drc package in R 
version 3.0.1 (R Core Team 2017) (III).  



4 RESULTS & DISCUSSION  

4.1 Toxicity  

4.1.1 Toxicity of AgNPs compared to AgNO3 (I, III) 

The AgNO3-spiked sediments were generally more toxic to L. variegatus than 
uc-AgNP or PVP-AgNP spiked sediments (Fig. 4). The only exception was the 
acidic AS4 sediment, where the toxicity, observed as number of survived 
individuals, did not differ among the Ag s (Fig. 5). Overall, the toxicity of 
AgNPs in the alkaline AS1, AS3 and natural KS1 and HS1 sediments was low. 
LOEC was found only for uc-AgNPs (number of individuals) in AS3 and for 
PVP-AgNPs (biomass decrease) in KS1 (Fig. 4). Both of these concentrations 
were several times higher than observed with AgNO3 in the same sediments 
(Fig. 4).  

Our results compare well with the literature. In the meta-analysis (42 
articles concerning terrestrial and waterborne toxicity), Notter et al. (2014) 
found that in 93.8 % of the studies Ag+ was observed more toxic than AgNPs. In 
sediment assessments, often no toxic effects in AgNP exposure have been 
observed using classical endpoints such as mortality and growth (Coleman et al. 
2013, Dai et al. 2013, Wang et al. 2014). However, AgNPs have been reported to 
be more toxic than Ag+ in sediment exposures when more sensitive endpoints, 
such as genotoxicity or gene markers for oxidative stress, were studied (Cong et 
al. 2011, Buffet et al. 2014, Cong et al. 2014, Park et al. 2015). It is possible that 
molecular level toxicity was triggered by AgNP exposure also in our 
experiments but they did not translate to higher-level effects. According to our 
experiments, acute toxicity of sediment-associated AgNPs to L. variegatus is not 
expected to be greater than toxicity of AgNO3.  
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FIGURE 4 No-observed-effect (NOEC; filled symbols) and lowest-observed-effect 
(LOEC; open symbols) concentrations for silver nitrate (AgNO3), uncoated 
silver nanoparticles (uc-AgNP) and polyvinylpyrrolidone-coated silver 
nanoparticles (PVP-AgNP) in artificial (AS1, AS3, AS4), Höytiäinen (HS1) 
and Kuorinka (KS1) sediments. Two endpoints for the toxicity were used, 
A) the number of survived L. variegatus and B) the biomass of L. variegatus.

FIGURE 5 The concentration where A) the number of survived L.variegatus and B) the 
biomass of survived L. variegatus was 50 % of that in the control group 
(EC50). Error bars indicate 95 % confidence intervals. Silver nitrate (AgNO3), 
uncoated silver nanoparticles (uc-AgNP) and polyvinylpyrrolidone-coated 
silver nanoparticles (PVP-AgNP) were spiked to artificial sediments (AS1, 
AS3, AS4). 
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4.1.2 The effect of sediment pH (I, III) 

Toxicity of uc-AgNPs, PVP-AgNPs and AgNO3 were promoted by the low 
sediment pH. In the AgNO3 spiked AS sediments, the EC50 for the biomass 
decrease were 4.5–5.9 times lower in acidic AS4 than in neutral AS1 or AS3 (Fig. 
5 B). The promoting effect of pH on the toxicity of uc-AgNPs and PVP-AgNPs 
was greater than observed with AgNO3. Comparison of the LOEC in AS4 to 
NOEC in AS1 and AS3 emphasizes this effect. With uc-AgNP spiked AS4, 
LOEC were 19–34 times lower than NOEC in AS3 and with PVP-AgNP spiked 
AS3 26–30 times lower than in AS1 or AS3 (Fig. 4A). In natural sediments, PVP-
AgNPs were more toxic in the acidic KS1 sediment than in HS1, despite 
opposite observation with AgNO3 spiked sediments (Fig. 4). The effect of pH 
can thus be concluded to be more important factor for the toxicity of AgNPs 
than for AgNO3. 

The increased toxicity of AgNPs seemed to be a two-step process. Firstly, 
the dissolution of AgNPs was promoted by the low sediment pH and secondly, 
the toxicity of released Ag+ was further increased in acidic media (Fig. 5 B). The 
increased dissolution of AgNPs by the low pH has been also reported in aquatic 
media (Liu and Hurt 2010, Peretyazhko et al. 2014). In soil studies, the 
dissolution of AgNPs was independent from the soil pH, possibly due to 
increased aggregation of particles in acidic soil (Fabrega et al. 2009, Cornelis et 
al. 2012). Contrary results have been reported in the study conducted by 
Hedberg et al. (2015), where the dissolution of AgNPs was promoted by the low 
pH, leading to rapid and complete dissolution. Also higher microbial toxicity of 
AgNPs in acidic soils was explained by the higher dissolution rate in low pH 
(Schlich and Hund-Rinke 2015). In our experiment, toxicity of AgNPs was 
promoted by the low pH of the AS4. The toxicity of AgNO3 in the artificial 
sediments was also higher in the low pH, but the effect was more pronounced 
with AgNPs. Thus the increase of toxicity derives most likely from the higher 
dissolution rate of AgNPs in the acidic sediment.  

4.1.3 Feeding rate in AgNP spiked sediments (I) 

In AS1 and HS1, the egested amount of sediment was similar to control in PVP-
AgNP spiked sediment through the 14-day assessment (Fig. 6). Interestingly in 
KS1, L. variegatus egested more sediment at higher PVP-AgNP concentrations, 
except in the highest treatment (1098 mg kg–1) where worms were avoiding the 
sediment (Fig. 6). Increasing feeding rate in KS1 at higher AgNP concentrations 
was unexpected. Typically the feeding rate decreases with increasing 
contaminant concentration. Induced feeding has been also seen in fluoranthene-
spiked sediment but the observation remains unexplained (Landrum et al. 
2002). The antibacterial properties of Ag may explain the increased ingestion of 
sediment, as microbes serve as a food source for L. variegatus. Organisms may 
compensate the decreased nutritional value of the sediment by feeding more. 
Microbes may be a more important source of nutrients in KS1 than in AS1 or 
HS1, explaining why this effect was only observed in KS1.  The low nutritional 
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value of KS is reported in literature (Mäenpää et al. 2008) and also supported by 
the higher egestion rate of sediment in the control groups of KS1 compared to 
control groups of HS1 and AS1 (Fig. 6). Avoidance of the sediment and 
decreased feeding rate were observed at a similar concentration as defined 
LOEC in the toxicity assessment (Fig. 4 A).

 

 
 
FIGURE 6 Amount of egested sediment (mg mg–1 of worm dw) in the 14-day feeding 

rate test in PVP-AgNP spiked artificial (AS1), Höytiäinen (HS1) and 
Kuorinka (KS1) sediments. Letters a,b,c,d indicate groups that do not 
significantly differ from each other according to one-way ANOVA with 
Tukeys HSD post-hoc test (p < 0.05).  

4.2 Bioaccumulation (II, III) 

The bioaccumulation of Ag was observed as TBB of Ag in one exposure 
concentration of AgNO3 (20 mg kg–1 dw), uc-AgNPs (300 mg kg–1 dw) and PVP-
AgNPs (200 mg kg–1 dw) using 5 time points in AS2, HS2 and KS2 sediments. 
The speciation of Ag was not considered and results are given as total Ag in the 
dry worm tissue. The TBBs were increasing linearly; 3.04 μg g–1 d–1 in AgNO3 
spiked HS2 (R2 = 0.91) and 1.31 μg g–1 d–1 in AgNO3 spiked KS2 (R2 = 0.93) (Fig. 
7). In AS, the highest TBBs were measured after 9 days of exposure (Fig. 7). In 
the PVP-AgNP spiked sediments, the TBBs were increasing linearly; 2.61 μg g-1 
d-1 (R2 = 0.91) in HS and 3.41 μg g-1 d-1 (R2 = 0.87) in KS (Fig. 7). In AS, the TBBs 
were highest at the beginning of the experiment and decreased to plateau at 
day 9 (Fig. 7). In the uc-AgNP spiked sediments, Ag did not accumulate into the 
worms (Fig. 7).  
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FIGURE 7 The total body burdens of Ag in dry L. variegatus tissue after 2, 5, 9, 14 and 
28 days exposure. Silver nitrate (AgNO3), polyvinylpyrrolidone-coated 
silver nanoparticles (PVP-AgNP) and uncoated silver nanoparticles (uc-
AgNP) were spiked in the artificial (AS2), Höytiäinen (HS2) and Kuorinka 
(KS2) sediments. 

The decreasing TBBs in the AS2 sediment were promoted by the increased 
biomass of the test organisms in AS2 (II). In natural sediments the test 
organisms did not gain weight during the experiment (II). The equilibrium time 
of Ag in the sediments before the exposure was not sufficient in AS2, as the 
highest TBBs were observed at the beginning of the experiment. In natural 
sediments the equilibrium was reached faster. The HS and KS sediments are 
reported to consist mostly fine sized material (HS = 79.0 % and KS = 77.9 % 
under 65 μm) (Mäenpää et al. 2003). The relatively coarser grain size (75 % 
between 100–200 μm) and thus smaller surface area of AS2 sediment compared 
to natural sediments may explain the slower equilibrium (Simpson et al. 2004). 
This slow equilibrium may also lead to an increased concentration of unbound 
AgNPs in the AS2 sediment. Thus the bioaccumulation may have been 
overestimated by attachment of AgNPs on the worm surface at the early 
exposure in PVP-AgNP spiked AS2.  

As the Ag concentration was different among the treatments, accurate 
comparisons of the uptake rates are difficult to make. However the results 
clearly show the lower bioaccumulation of uc-AgNPs compared to AgNO3 or 
PVP-AgNPs in all tested sediments (Fig. 7). Surface chemistry of AgNPs was 
also found to be important on the bioaccumulation of Ag in marine sediments 
(Wang et al. 2014), but Coleman et al. (2013) reported similar uptake rates 
among differently coated AgNPs and AgNO3 in freshwater sediment. Contrary 
results indicate that the properties of both the sediment and AgNP together 
influence the bioaccumulation of sediment-associated AgNPs. Under 
environmental conditions, the uptake can thus be difficult to predict and site-
specific differences should be taken into account in risk assessments.  

In the toxicity assessment conducted in AS3 and AS4, the TBBs of Ag were 
related to the decreased biomass of the test organisms in varying concentrations 
of AgNO3, uc-AgNPs and PVP-AgNPs. The modelled CBB50 (95 % confidence 
intervals) were 83.7 μg g–1 (58.2–109 μg g–1) for AgNO3 in AS3 and 133.2 μg g–1 
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(69.0–197 μg g–1), 98.9 μg g–1 (38.3–160 μg g–1) and 94.7 μg g–1 (2.28–187 μg g–1) 
for AgNO3, uc-AgNPs and PVP-AgNPs, respectively in AS4. No statistically 
significant differences were observed among CBB50 values (p = 0.15–0.94). The 
CBB50 for AgNPs in AS3 could not be calculated due to the low toxicity of 
AgNPs in the sediment (Fig. 4).  

Interestingly, in the high AgNP concentration the TBBs in AS3 were 
higher than modelled CBB50 but no toxicity was observed (Fig. 8). This indicates 
that Ag was taken up in non-toxic form, most likely as AgNPs. It is also possible 
that AgNPs were attached on the surface of test organisms or retained in the 
gut due to the incomplete gut clearance also observed in soil studies (Shoults-
Wilson et al. 2011, Coutris et al. 2012b). Uptake of AgNPs in AS4 was assumed 
to be low, as toxicity was observed already at the low Ag concentrations. The 
increase of TBBs in AS4 was intensified by the decreased biomass of the worms 
in the higher total Ag concentrations (Fig. 8). The similar CBB50 among AgNO3, 
uc-AgNPs and PVP-AgNPs indicate similar toxic mechanisms of Ag. Uptake of 
Ag is thus suggested to happen mainly in the form of Ag+. Our results support 
the theory of Ag+ driven toxicity of AgNPs (Yang et al. 2011, Newton et al. 2013). 
 

 
 
FIGURE 8 Total body burdens of Ag in the artificial sediments (AS3, AS4) spiked with 

silver nitrate (AgNO3), uncoated silver nanoparticles (uc-AgNP) and 
polyvinylpyrrolidone-coated silver nanoparticles (PVP-AgNP). Horizontal 
lines indicate the lowest (83.7 μg g–1) and the highest (133 μg g–1) estimates 
of critical body burdens, where the biomass was decreased to 50 % of that 
in the control treatment.  

4.3 Partitioning and bioaccessibility of dissolved Ag (II, III) 

The estimated total dissolution rates of AgNPs with standard deviations in 
brackets were 33.8 % (6.8 %), 31.1 % (19.2 %), 19.8 % (5.8 %) for uc-AgNPs and 
37.0 % (5.7 %), 23.1 % (7.3 %), 21.7 % (5.2 %) for PVP-AgNPs in HS2, KS2 and 
AS2, respectively (II).  Results compare well with the estimated 3–30 % 
dissolution of PVP-AgNPs in soil (Cornelis et al. 2012). In all treatments, the 
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majority of dissolved Ag was associated on the residual fraction of the 
sediments, followed by the NOM or Feox/Mnox fractions (Fig. 9). Ag bound on 
these fractions is stable under environmental conditions and not considered to 
be bioavailable for the organisms (Tessier et al. 1979). The association of 
dissolved Ag on the carbonate fraction was low in all treatments (Fig. 9). 
Observations compare well with earlier sequential extraction studies using 
AgNP spiked soils (Coutris et al. 2012a, Coutris et al. 2012b).  

In HS2 and AS2, AgNO3 was more bioaccessible than AgNPs (Fig. 9). 
Interestingly in KS2, PVP-AgNPs were significantly more bioaccessible than 
AgNO3 or uc-AgNPs (II). This result is supported by the toxicity test, where 
PVP-AgNPs were found to be more toxic in the KS1 sediment compared to the 
HS1 or AS1 sediments (Fig. 4 A). Similar increased bioaccessibility has also been 
observed in uc-AgNP-spiked organic and mineral soils (Coutris et al. 2012a). 
One proposed mechanism for this involves the release of small particles or 
relatively stable Ag-complexes from uc-AgNPs, leading to slow association and 
shifted equilibrium towards the bioaccessible (Coutris et al. 2012a). In our study, 
this hypothesis does not explain the increased bioaccessibility, as it was only 
observed with PVP-AgNPs in the KS sediment.  More likely, released Ag+ from 
the PVP-AgNPs was loosely bound on the surface of the particles, increasing 
the concentration of Ag in the bioaccessible fraction (Liu et al. 2010, Liu and 
Hurt 2010, Klitzke et al. 2014). Although, the affinity of PVP towards Ag+ is 
reportedly low (Gunsolus et al. 2015), the PVP-coating is expected to be partly 
replaced by the NOM in the sediment (Yang et al. 2014). Formed PVP-NOM-
AgNP complexes may have increased affinity towards Ag+. As the increased 
bioaccessibility was observed only in KS2, the quality of NOM seems to be 
important in this process. For example, the affinity of NOM towards Ag is 
known to be increased by the quantity of sulphur and nitrogen groups in the 
NOM-molecules (Gunsolus et al. 2015). Our experimental data fits this 
hypothesis, but more research is needed to confirm the mechanism behind the 
increased bioaccessibility of PVP-AgNPs in the KS sediment.  

In alkaline artificial sediments AS2 and AS3, the bioaccessibility of 
dissolved Ag spiked as uc-AgNPs and PVP-AgNPs was low (Fig. 9, Fig. 10 B). 
In AS3, only marginal concentrations of bioaccessible Ag was observed in the 
high total Ag concentration (Fig. 10 B). In acidic AS4, the bioaccessible 
concentration of dissolved Ag was modelled using the Freundlich equation (III). 
Bioaccessibility of dissolved Ag observed was almost similar between uc-
AgNPs and PVP-AgNPs and overlapped with AgNO3 in the low range of total 
Ag concentration (Fig. 10 A). The bioaccessibility of AgNO3 was significantly 
higher in AS4 than in AS3 (Fig. 10 A). This indicates higher bioaccessibility of 
Ag+ in acidic sediment. This alone did not explain the differences in the AgNP 
spiked sediments, thus also the dissolution of AgNP is assumed be higher in 
AS4 than in AS3. This supports the hypothesis of higher dissolution of AgNP in 
more acidic media (Liu and Hurt 2010, Peretyazhko et al. 2014, Wang et al. 2014, 
Hedberg et al. 2015).  
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FIGURE 9 Association of dissolved Ag with the natural organic matter (NOM), iron 
and manganese oxides (Feox/Mnox), carbonates, exchangeable and water 
soluble fractions in Höytiäinen (HS2), Kuorinka (KS2) and Artificial (AS2) 
sediments spiked as silver nitrate (AgNO3), uncoated silver nanoparticles 
(uc-AgNP) and polyvinylpyrrolidone-coated silver nanoparticles (PVP-
AgNP). Bars (+standard deviation of 3 replicates) indicate the proportion of 
dissolved Ag associated with each factor from the estimated total dissolved 
Ag in the test sediments after a 28-day contact time.  

 

 

 
 
FIGURE 10 Concentration of bioaccessible dissolved Ag in artificial sediments (AS3, 

AS4) spiked with silver nitrate (AgNO3), uncoated silver nanoparticles (uc-
AgNP) and polyvinylpyrrolisone-coated silver nanoparticles (PVP-AgNP). 
In part A, the bioaccessible concentrations are modelled using the 
Freundlich equation (II). In part B, the markers indicate direct observations 
of bioaccessible Ag in the sediment.  
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4.4 Toxic mechanism of AgNPs 

Our results indicate that the toxicity of AgNPs to L. variegatus is a function of 
dissolved Ag rather than nano-specific mode of toxicity. The low toxicity of 
AgNPs in AS3 was explained by the low bioaccessible concentration of 
dissolved Ag in the sediment (Fig. 4, Fig. 10 B). When the toxic responses in AS4 
were plotted against the bioaccessible dissolved Ag concentrations, no 
differences in the EC50 values were observed (III). Similar mode of toxicity 
between AgNO3 and AgNPs is also supported by the CBB50, which did not 
differ among AgNO3 (AS3 and AS4), uc-AgNPs (AS4) and PVP-AgNPs (AS4). 
In addition, the TBBs of Ag were higher than estimated CBB50 in AgNP spiked 
AS3 (Fig. 8). That indicates uptake of Ag, most likely as AgNPs, without any 
observed toxic effects.   

In majority of toxicity studies, Ag+ is found to be more toxic than AgNPs, 
similar to our observations (Notter et al. 2014). In our experiments, no nano-
specific toxicity was observed, and the toxic effects were related to the 
dissolved Ag in the sediment. Similar relationship between toxicity and 
dissolved concentration of Ag has been established in some studies (Yang et al. 
2011, Newton et al. 2013). However, the toxicity of sediment-associated AgNPs 
is found to be species-specific (Chan and Chiu 2015, Ramskov et al. 2015). In 
addition, nano-specific toxicity to benthic fauna is observed in molecular level, 
which was not considered in this thesis (Cong et al. 2011, Cong et al. 2014, 
Cozzari et al. 2015, Park et al. 2015). In conclusion, the Ag+ driven toxicity of 
AgNPs observed in our study cannot be generalized. In addition, it is possible 
that AgNPs pose chronic or molecular level toxicity over Ag+. However, the 
acute toxicity of sediment-associated AgNPs to L. variegatus was observed to 
derive from dissolved Ag and no nano-specific toxicity was confirmed.  

4.5 Future research needs 

The use of NPs is annually increasing in industry and consumer products 
leading to increasing concentrations in the environment. As sediment is 
believed to be a major sink for the NPs, it is important to study the effects of the 
NPs using sediment-assessment. The availability of ecotoxicological data is not 
currently sufficient to do environmental risk assessments in sediment for even 
the most studied NPs (Coll et al. 2016).  

The lack of methodology to characterize NPs in sediment is the major step 
back in sediment studies. The development of new cost effective and easily 
achievable characterization methods is maybe the most important field of 
research in the near future. However, the present thesis demonstrates that 
much can be learned about the environmental effects of NPs in quite simple 
sediment assessments, despite the fact that methods to characterize NPs in 
sediment are limited.  
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The acute toxicity of AgNPs to L. variegatus was proven to be a function of 
dissolved Ag, and no nano-specific toxicity was observed in our experiments. 
However, also AgNP-specific modes of toxicity are reported in the literature, 
especially when more sensitive endpoints for toxicity were used (Cong et al. 
2011, Buffet et al. 2014, Cong et al. 2014, Park et al. 2015). Alkaline artificial 
sediment proved to be good media to study the AgNP-specific toxicity, as the 
dissolution of AgNP and the bioaccessibility of Ag+ were observed low. As the 
toxicity of Ag+ is already well known, future research should focus on revealing 
the mechanisms of AgNP-specific toxicity. 

 High TBBs of Ag in L. variegatus suggests that AgNPs may have been 
taken up by the test organisms in our experiments. It is also possible that AgNP 
were attached on the surface of the test organisms or retained in the gut with 
sediment particles. The uptake of AgNP by L. variegatus should be confirmed in 
future studies. Also the possible chronic or molecular toxicity due to AgNP 
exposure should be considered.  

The binding of Ag+ on the surface of AgNPs may increase the 
bioavailability of Ag and lead to higher toxicity. We observed that sediment 
properties, possibly the quality of NOM, have an effect on the surface binding. 
More research is needed on AgNP-NOM-Ag+ interactions taking account the 
role of surface stabilizer used on the AgNPs.  

Considering also the species-specific nature of AgNP toxicity, more 
nanoecotoxicological studies with varying AgNPs, model species and 
experimental conditions are needed to make universal generalizations about the 
toxicity of AgNPs in sediments. 

 



5 CONCLUSIONS  

The main findings of the present thesis referring to the study objectives were: 

1. The toxicity of AgNO3 to L. variegatus was found to be higher than the
toxicity of uc-AgNPs or PVP-AgNPs in all tested sediments. The toxic
effects of AgNPs seemed to derive from the dissolved Ag+ and no nano-
specific toxicity was observed. According to our experiments, the acute 
toxicity of sediment-associated AgNPs to L. variegatus is not expected to 
be higher than toxicity of AgNO3.  

2. In all treatments, the majority of dissolved Ag was associated with the
residual fraction of the sediment, followed by the NOM or Feox/Mnox

fractions. The Ag associated with these fractions is considered to be 
stable and not bioavailable for benthic organisms under environmental 
conditions. The bioaccessibility of dissolved Ag was increased by the 
PVP-coating, but only in the natural KS sediment. Formation of PVP-
NOM-Ag+ complexes is a suggested process behind the increased 
bioaccessibility, but more research is needed to confirm this hypothesis. 
In the artificial sediments, the low pH significantly promoted the 
bioaccessibility of dissolved Ag in similar manner with uc-AgNP and 
PVP-AgNP.  

3. As predicted by the increased bioaccessibility of dissolved Ag, the low
sediment pH also promoted the toxicity of uc-AgNPs and PVP-AgNPs in
artificial sediment, likely due to the increased dissolution of AgNPs. 
Despite the low pH in natural sediments, the toxicity of AgNP was low. 
Other sediment properties, such as high surface area, content of NOM 
and Feox/Mnox, are proposed to mitigate the toxicity of AgNP, as 
dissolved Ag species are efficiently bound by the sediment components. 
Overall, in alkaline artificial sediments and natural sediments the toxic 
effects were seen only in extreme concentrations, not expected to be 
found in the environment.  

4. The PVP-coating on the particles increased the bioaccumulation of Ag in
alkaline artificial and natural sediments. Due to the low bioaccessibility
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of dissolved Ag in these sediments, the uptake is believed to take place 
mainly in the form of AgNP. In acidic artificial sediment, the toxicity and 
bioaccumulation of PVP-AgNP and uc-AgNP was similar. The uptake of 
Ag is suggested to take place in the form of Ag+, as the bioaccessibility of 
dissolved Ag was high in artificial acidic sediment. 
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YHTEENVETO (RÉSUMÉ IN FINNISH) 

Hopeananohiukkasten käyttäytyminen ja toksiset vaikutukset sedimentissä Lum-
briculus variegatus -harvasukamadolle 

Nanotiede on kasvava tieteenala, joka hyödyntää nanomateriaaleja ja jolla alkaa olla 
teollisen mittakaavan teknologisia sovelluksia. Nanomateriaalit sisältävät pieniä na-
nohiukkasia. Euroopan komissio on määritellyt nanohiukkasten kokoluokaksi 1–100 
nm mutta tarkkojen ylä- ja alarajojen vetäminen on aina keinotekoista. Nanohiukka-
set ovat joka tapauksessa erittäin pieniä ja omaavat erityisiä ominaisuuksia nanora-
kenteensa ansiosta. Kaupallisten sovellusten määrässä mitattuna hopeasta koostuvat 
nanohiukkaset ovat yleisimmin käytettyjä. Niillä on erityisiä sähkö-, lämpö- ja anti-
bakteerisia ominaisuuksia, joita hyödynnetään esimerkiksi tekstiileissä, maaleissa, 
kosmetiikassa ja lääketieteellisissä sovelluksissa. Nanomateriaalien tullessa yhä ylei-
sempään käyttöön kaupallisissa tuotteissa ja teollisuudessa kasvaa väistämättä myös 
niiden pitoisuus ympäristössä. Vesistöihin päätyvät hopeananohiukkaset kertyvät 
lopulta pohjasedimentteihin. Vesifaasissa hopeananohiukkaset ovat erittäin myrkyl-
lisiä vesieliöille, mutta niiden ympäristövaikutuksista pohjasedimenteissä ei vielä 
tiedetä paljoa.  

Väitöskirjan päätavoitteena oli tutkia sedimenttiin lisättyjen hopeananohiuk-
kasten käyttäytymistä ja toksisia vaikutuksia laboratorio-olosuhteissa. Kokeissa käy-
tettiin polyvinyylipyrrolidonilla (PVP) pinnoitettuja ja pinnoittamattomia ho-
peananohiukkasia sekä runsasliukoista hopeanitraattia positiivisena hopeaioni-
toksisuuskontrollina. Kahta pintakemialtaan eroavaa hiukkastyyppiä käyttämällä 
pyrittiin selvittämään, vaikuttaako hiukkasten pinnoitus myös niiden ympäristö-
käyttäytymiseen. Sedimentin ominaisuuksien vaikutusta hopeananohiukkasiin tut-
kittiin käyttämällä sekä luonnollisia että keinotekoisesti valmistettuja sedimenttejä. 
Luonnolliset sedimentit nostettiin Höytiäisestä ja Kuoringasta, jotka ovat Itä-
Suomessa sijaitsevia järviä. Toksisuuskokeissa mallieliönä käytettiin pohjasediment-
tiin kaivautuvia Lumbriculus variegatus -harvasukamatoja. Toksisina vasteina tark-
kailtiin altistettujen eliöiden biomassan, syödyn sedimentin määrän sekä yksilömää-
rän suhdetta altistamattomiin kontrollieliöihin. Analysoimalla mallieliöiden ho-
peapitoisuudet koejakson päätyttyä tarkasteltiin eri hopeamateriaalien biokertyvyyt-
tä eliöihin. Toksisuuskokeiden lisäksi tutkittiin hopeananohiukkasista vapautuneen 
hopean sitoutumista sedimentin eri komponentteihin sekä biosaatavan liukoisen 
hopean konsentraatiota sedimentissä. 

Hopeaionien toksisuus tutkituissa sedimenteissä havaittiin pääsääntöisesti 
suuremmaksi kuin hopeananohiukkasten. Poikkeuksen teki keinosedimentti, jonka 
pH oli säädetty happamaksi (pH = 5). Tässä sedimentissä hopeananohiukkasten tok-
sisuus oli samaa luokkaa hopeaionien kanssa. Sedimentin happamuuden havaittiin 
nostavan sekä hopeaionien että hopeananohiukkasten toksisuutta keinosedimentis-
sä. Happamuuden vaikutus hopeananohiukkasiin oli moninkertainen hopeaioneihin 
verrattuna, todennäköisesti hiukkasten suuremman liukoisuuden takia. Ho-
peananohiukkasten toksisuuden todettiin johtuvan pääasiassa hopeaioneista, sillä 
toksiset vasteet pystyttiin yhdistämään sedimentistä analysoituun biosaatavan liu-
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koisen hopean määrään. Hiukkasten pintakemialla ei havaittu olevan merkittävää 
vaikutusta toksisuuteen keinosedimenteissä. Myös happamassa Kuoringan luon-
nonsedimentissä hopeananohiukkaset olivat toksisempia kuin Höytiäisen sedimen-
tissä. Nanohiukkasten liukoisuus arvioitiin kuitenkin molemmissa sedimenteissä 
samalle tasolle, ja toksisuuden oletettiin johtuvan pääasiassa liukoisen hopean 
biosaatavuuden noususta. Biosaatavuus oli korkeampaa vain päällystetyillä ho-
peananohiukkasilla Kuoringan sedimentissä, joten hiukkasten pintakemia vaikutti 
hopean biosaatavuuteen. Todennäköisesti PVP:lla päällystetyt nanohiukkaset sitoi-
vat liukoisia hopeaioneja itseensä pinnoittamattomia paremmin. Liukoinen hopea 
hiukkasten pinnalta kertyi koe-eliöihin nostaen siten toksisuutta. Todennäköisesti 
myös sedimentin sisältämä orgaaninen aines ja sen koostumus vaikuttivat ho-
peaionien ja hopeananohiukkasten välisiin reaktioihin, sillä biosaatavuus kasvoi 
vain Kuoringan sedimentissä. Tätä teoriaa tukee pohjatieto siitä, että PVP-molekyylit 
sitovat heikosti hopeaioneja.  

Väitöskirjan tulokset korostavat sedimentin ominaisuuksien vaikutusta ho-
peananohiukkasten toksisuuteen ja ympäristökäyttäytymiseen. Etenkin sedimentin 
happamuus havaittiin toksisuutta ja biosaatavuutta nostavaksi tekijäksi. Sedimentin 
sisältämä orgaaninen aines ja sen laatu näytti myös vaikuttavan hopeananohiukkas-
ten ympäristökäyttäytymiseen, mutta jatkotutkimuksia tulisi tehdä tämän teorian 
varmistamiseksi. Sedimentin ominaisuuksien lisäksi myös nanohiukkasten pintake-
mialla havaittiin olevan vaikutusta hopean biosaatavuuteen ja siten hopean kertymi-
seen eliöihin. Kokonaisuudessaan hopeananohiukkasten toksisuus sedimentissä oli 
samalla tasolla tai heikompaa kuin hopeaionien. Näiden tulosten perusteella näyttäi-
si, etteivät hopeananohiukkasten aiheuttamat ympäristövaikutukset olisi tavanomai-
sia hopeayhdisteitä suurempia. Hopeananohiukkasten toksisuutta sedimentissä on 
kuitenkin tutkittu hyvin vähän. Tulosten varmistamiseksi tulisi vastaavia toksisuus-
kokeita tehdä useammilla lajeilla 
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Abstract The increased use of silver nanoparticles

(AgNP) in industrial and consumer products worldwide has

resulted in their release to aquatic environments. Previous

studies have mainly focused on the effects of AgNP on

pelagic species, whereas few studies have assessed the

risks to benthic invertebrates despite the fact that the sed-

iments act as a large potential sink for NPs. In this study,

the toxicity of sediment-associated AgNP was evaluated

using the standard sediment toxicity test for chemicals

provided by the Organization of Economic Cooperation

and Development. The freshwater benthic oligochaete

worm Lumbriculus variegatus was exposed to sediment-

associated AgNP in artificial and natural sediments at

concentrations ranging from 91 to 1098 mg Ag/kg sedi-

ment dry weight. Silver nitrate (AgNO3) was used as a

reference compound for Ag toxicity. The measured end

points of toxicity were mortality, reproduction, and total

biomass. In addition, the impact of sediment-associated

AgNP on the feeding rate of L. variegatus was studied in a

similar test set-up as mentioned previously. The addition of

AgNP into the sediment significantly affected the feeding

rate and reproduction of the test species only at the highest

concentration (1098 mg/kg) of Ag in the natural sediment

with the lowest pH. In comparison, the addition of AgNO3

resulted in reproductive toxicity in every tested sediment,

and Ag was more toxic when spiked as AgNO3 than AgNP.

In general, sediments were observed to have a high

capacity to eliminate the AgNP-derived toxicity. However,

the capacity of sediments to eliminate the toxicity of Ag

follows a different pattern when spiked as AgNP than

AgNO3. The results of this study emphasize the importance

of sediment-toxicity testing and the role of sediment

properties when evaluating the environmental effects and

behavior of AgNP in sediments.

Silver nanoparticles (AgNP), used, e.g., in healthcare,

textiles, paints, cosmetics, and cleaning agents, have the

highest degree of commercialization (as a number of

products) of all nanoscale materials due to their unique

optical and antibacterial properties (Vance et al. 2015). In

surface waters, AgNP are mainly released through

wastewater-treatment plants and untreated wastewater

(Gottschalk et al. 2009). Sediment is the final sink for the

AgNP, and the modeled annual increase of sediment con-

centrations varies between 0.15 and 10.18 lg/kg/y result-

ing in a possible hazard for aquatic organisms (Gottschalk

et al. 2009).

In environmental media, AgNP may be oxidized, which

leads to dissolution and release of Ag ions (Ag?) (Loza

et al. 2014). Ionic Ag is highly toxic to aquatic organisms,

and thus the toxicity of AgNP may be related to the con-

centration of dissolved Ag? (Navarro et al. 2008; van Aerle

et al. 2013). However, the concentration of freely dissolved

Ag? in environmental media is typically low due to strong

complexation with chloride, sulfide, and natural organic

matter (Levard et al. 2013; Loza et al. 2014). AgNP also

pose NP-specific toxicity (Chan and Chiu 2015; Cozzari
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et al. 2015; Garcı́a-Alonso et al. 2014). One of the primary

identified toxic mechanisms at the molecular level is the

generation of reactive-oxygen species resulting in oxida-

tive stress (Cozzari et al. 2015; Roh et al. 2009).

The behavior and toxicity of AgNP in sediment is still

poorly understood, and there is an urgent need for studies and

standardized test methods. The biggest challenge in studies

with nanomaterials in sediment and other complex envi-

ronmental media is the lack of proper characterization

methods. Becausemost of the nanomaterials are not stable in

water, sediment studies are still considered to be relevant and

sometimes even more representative of environmental

exposure than aqueous tests (Petersen et al. 2015). In water-

only exposure tests of AgNP with varying coatings resulted

in LC50 (lethal concentration to kill 50 % of the test organ-

isms in 96 h) values of 0.07–0.33 mg/L to the benthic

organism Lumbriculus variegatus (Khan et al. 2015). When

the same species was exposed by way of sediment, AgNP

showed no mortality on exposure at 367 mg/kg (Coleman

et al. 2013). However, in sediment exposure, AgNP induces

oxidative stress in Nereis diversicolor at concentra-

tions[10 mg/kg (Cozzari et al. 2015). The results indicate

that AgNP-induced toxicity is decreased when particles are

introduced into sediment, but the role of sediment properties

has not yet been studied.

The aims of this study were (1) to examine how sedi-

ment properties influence the toxicity of AgNP; (2) to

compare the toxicity of Ag spiked as AgNP with dissolved

Ag spiked as silver nitrate (AgNO3); and (3) to evaluate the

suitability of the Organisation for Economic Co-operation

and Development (OECD) standard test method guideline

225 for use with nanomaterials. Artificial and two natural

sediments that differed in their characteristics were selec-

ted and spiked with polyvinylpyrrolidone-coated AgNP

and AgNO3. OECD standard test guideline 225, Sediment–

Water Lumbriculus Toxicity Test Using Spiked Sediment

(OECD 2007), was followed, and mortality, reproduction,

and changes in biomass were used as indicators of toxicity

to the endobenthic aquatic Oligochaeta L. variegatus. In

addition, the feeding rate of L. variegatus was used as an

end point of toxicity for AgNP.

Materials and Methods

AgNP

AgNP (polyvinylpyrrolidone coating 0.2 %; NanoAmor)

had a nominal reported surface area of 5–10 m2/g and a

diameter of 30–50 nm with a purity of 99.9 %. The charac-

terization of the particles was published in the same year as

the experimental part of this study was performed (Heck-

mann et al. 2011). Particles were stored as dry powder and

kept away from direct sunlight, as recommended by the

manufacturer, to minimize possible changes in particle

properties during storage. The characterization of AgNP

included transmission electron microscopy (Phillips CM20;

Phillips/FEI), dynamic light scattering, and zeta-potential

measurements (Malvern Zetasizer Nano; Malvern Instru-

ments). The characterization of AgNP was performed in

deionized-water suspension due to the lack of methods to

characterize the particles in complex environmental media.

Characterization in the test water was not considered to be

relevant because particles were never introduced into the test

water. The mean diameter of AgNP has been reported to be

82 ± 2 nm (n = 294) as measured from transmission elec-

tronmicroscope images and 235 ± 4 nm (n = 4)with a zeta

potential of -28.6 ± 0.6 mV (n = 8) by dynamic light

scattering (Heckmann et al. 2011). Agglomeration of the

AgNP inwater suspension explains the larger diameter of the

particles asmeasured by dynamic light scattering. For further

details of the characterization, see Heckmann et al. (2011).

Test Organisms

Endobenthic oligochaeta L. variegatus originated from the

laboratory culture maintained at the Department of Biol-

ogy, University of Eastern Finland, Joensuu, Finland.

Worms were cultured in 5-L tanks containing artificial

freshwater (AFW; pH 7, hardness 1.0 mM/L as calcium

[Ca] ? magnesium [Mg]) with constant aeration. The light

regime was adjusted to 16 h light and 8 h dark, and tem-

perature was held constant at 20 ± 2 �C. A layer of paper

towels was used as a substrate. Worms were fed twice a

week with a Tetramin fish food (Tetrawerke) and water

was renewed once a week. An acclimation phase of 24 h

was used to adapt the worms to the test water.

Sediments

One artificial sediment (AS) and two natural sediments

collected from Lake Höytiäinen (HS) and Lake Kuorinka

(KS) were used in this study. Both natural sediments have

been used as clean reference sediments in similar experi-

ments, and possible trace amounts of organic chemicals are

low and not believed to have an influence on the outcome

of current experiments (Mäenpää et al. 2008; Ristola et al.

1996). The sediment AS was prepared using OECD

guideline 225 (OECD 2007). The exact constituent com-

position was 5 % peat, 74 % quartz sand (60 %\0.2 mm,

40 % 0.2–1.0 mm), 20 % kaolin, and 51 % water (of total

dw). Urtica dioica powder (0.5 %) was added as a food

source to AS, and the pH was adjusted to 6.7 with CaCO3.

For analyses, natural sediments were sieved through a

1-mm sieve to remove large particles and debris. Sub-

samples of the sediments were dried at 105 �C overnight to
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measure dry weight (dw). The determination of organic

carbon (OC), inorganic carbon (IC), and black carbon (BC)

was performed with Analytik Jena TOC analyzer with a

solid sample module (Analytik Jena N/C 2100). Further-

more, subsamples of the sediments were heated for 2 h at

550 �C in a muffle furnace oven (Naber 2804 L47) to

obtain the percent loss of ignition (LOI). All analyses were

performed in three replicates.

The heavy-metal concentrations of sediments were

measured from two different test vessels for each treat-

ment, and the total Ag concentrations were determined in

triplicate for each treatment. The sediment samples were

stored frozen at -20 �C before extraction. The extraction

was as follows: A subsample of approximately 200 mg

(500 mg for total Ag) was taken from dry sediment and

digested in 1:3 (v/v) solution nitric acid and hydrochloric

acid for 9 min in 3-minute intervals in an ultrasound water

bath (650 W, 35 kHz; ELMA Transsonic T820/H) at

60 �C. The sample tubes were shaken between each

3-minute step. The digested sediment samples were filtered

(Whatman no. 41) and diluted to a volume of 20 mL

(50 mL for total Ag) with ultrapure water before analysis.

The samples were analyzed with a Perkin-Elmer model

Optima 8300 inductively coupled plasma optical emission

spectrometer. A cyclonic spray chamber equipped with the

GemCone Low-Flow nebulizer was used throughout. The

plasma power of 1500 W and a nebulizer flow of 0.6 L/min

were used to obtain robust plasma conditions for the

accurate analysis of the elements. Reagent blank samples

were used in between the samples to ensure the analytical

procedure. The accepted relative SD of three replicate

measurements was\10 %, and the detection limit was

1.9 lg/L. All of the used reagents were of analytical grade

and supplied by Merck.

Spiking of the Sediments

Direct addition of dry AgNP powder to the sediment was

chosen as the spiking method due to the unstable behavior

of the particles in the water suspension. The final Ag

concentrations were selected based on the preliminary test

(Table 1). The sediments were spiked with AgNP by first

mixing the NP powder with a small subsample of the

sediment using a metal spoon. The subsample was then

mixed with the rest of the sediment. To ensure the

homogenous distribution of the compounds, the sediment

was mixed with a rotating metal blade for 1 h. Silver

nitrate (high-grade, 99.5 % purity; J. T. Baker) was used

as a source of dissolved Ag, and added to the sediment in

a stock solution dissolved in water (400 g/L). The sedi-

ment was treated in a similar way as the AgNP-spiked

sediment.

Toxicity Test

The toxicity of AgNP was tested according to the OECD

guideline 225 using AgNO3 as a reference for Ag
? toxicity

(OECD 2007). The test was performed in 250-mL beakers

(diameter 6 cm) with four replicates for each treatment and

six replicates for the control treatment. The amount of the

sediment was adjusted to the ratio of 1:50 (dry biomass of

worms and total OC of the sediment [w:w]). The sediment-

overlying water ratio was adjusted to approximately 1:3

(v:v). The water hardness of AFW was 2.5 mM/L

([Ca] ? [Mg] concentration), and the pH was 7.5 (OECD

2007). The sediments were allowed to settle for 7 days

with gentle aeration before adding 10 similar-sized L.

variegatus into the test vessels. The worms were not syn-

chronized for the toxicity test based on the consistent

results with only low variation in reproduction and biomass

of the worms in the preliminary test (data not shown).

During the incubation, the temperature was kept constant at

20 ± 2 �C, and the light regime was 16 h light to 8 h dark.

Oxygen and pH were measured once a week during the

test. After the 28-day exposure, the worms were removed

from the sediment, counted, and placed on a Petri dish with

a small amount of AFW. A depuration time of 4 h was used

to let the worms empty their gut before placing the worms

in an oven at 105 �C for overnight. The dry weight was

measured with a microbalance (Sartorius 4503). Missing

worms from the test vessels after the exposure period were

interpreted as mortality and extra worms as reproduction.

Feeding-Rate Test

The feeding rate test was performed according to Leppänen

and Kukkonen (1998) under similar conditions as described

previously for the toxicity test. Three replicates were used

for each treatment, and two control treatments were per-

formed for each sediment (total n = 6). A portion of 23 g

of wet test sediment was added on the bottom of the 50-mL

beakers, which were then filled with 2.5 mM/L

([Ca] ? [Mg] concentration) AFW (OECD 2007). The

oxygen level and pH in the overlying water were measured

during the test, and the water was renewed using aerated

AFW every 2 days. Before adding organisms into the

beakers, the sediments were allowed to settle for 2 days.

Each beaker received five worms of a similar size.

Immediately after the worms buried themselves into the

sediment, a layer of a few millimeters of combusted quartz

sand (grain size 1–2 mm) was added on the top of the

sediment. The egestion rate of the worms was followed by

collecting fecal pellets every second day for 14 days. The

fecal pellets were dried overnight at 105 �C, and the dry

weight was measured with a microbalance. On the last day

of the experiment, the worms were removed from the
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sediment. After a 4 h’ depuration time in clean AFW, the

worms were counted and dried at 105 �C overnight to

measure their dry weight.

Statistical Testing

The effective (EC) and inhibition (IC) concentrations were

estimated using a three-parameter log-logistic model. The

normality of data was tested with Shapiro–Wilk normality

test and the homogeneity of variances with Bartlett’s test.

Normally distributed data with equal variances between

groups was studied with one-way analysis of variance

(ANOVA) followed by pairwise Student t test. When the

data were not normally distributed, Kruskal–Wallis rank-

sum test was used, and multiple comparisons between

groups were performed according to Siegel and Castellan

(1988).

One-way ANOVA with Tukey’s honestly significant

difference post hoc test (p\ 0.05) was used to compare the

amount of fecal pellets in the feeding-rate test. The nor-

mality of the data were tested with Shapiro–Wilk normality

test and the homogeneity of variances with Levene’s test.

Due to the small sample size (n = 3), the normality of the

treatment groups was assumed from the normally dis-

tributed control groups (n = 6) in all sediments. Statistical

analyses and graphical illustrations were performed with R

version 3.0.1.

Results

Sediment Characteristics

The HS sediment had the highest pH (7.10) and OC percent

(OC % = 3.12 %) of the tested sediments (Table 2). In the

KS sediment, the pH was low (5.10) and OC % (2.22)

lower than in HS, but it was greater than in the AS sedi-

ment (0.59 %), which had also greater pH (6.70) than the

KS sediment (Table 2). The visual detection and smaller

dw % indicated that the natural sediments KS and HS

consisted of finer material compared with AS (Table 2).

The AS contained only low levels of heavy metals. The

natural sediments had greater concentrations with the HS

sediment containing approximately twofold to threefold

greater concentrations compared with the KS sediment

(Table 2). The determined Ag concentrations were in good

agreement with the nominal concentrations, and the SD

Table 1 Nominal and

determined silver

concentrations (mg/kg dw)

spiked as AgNO3 and AgNP in

test sediments

Compound Nominal

concentration

Determined concentration in sediments (mg/kg)a

AS HS KS

AgNO3 10 11.7 (0.6) 10.8 (0.0) 10.1 (0.0)

40 36.9 (1.0) 42.8 (0.4) 41.9 (0.3)

100 92.7 (1.7) 98.9 (0.9) 103.1 (3.6)

200 180.6 (1.6) 199.3 (1.2) 208.9 (2.9)

400 360.4 (7.1) 394.8 (5.2) 415.9 (4.0)

AgNP 100 90.6 (1.9) 95.7 (10.8) 77.1 (5.0)

300 262.5 (2.3) 273.8 (18.1) 256.7 (23.5)

600 537.4 (12.3) 471.1 (9.8) 525.8 (27.4)

900 725.4 (23.5) 741.2 (20.1) 801.3 (10.5)

1200 985.1 (17.8) 943.4 (164.0) 1097.9 (7.5)

a Mean and SD of three to five replicates

Table 2 Characteristics of the test sediments

Sediment

AS HS KS

pHa 6.70 (0.26) 7.10 (0.21) 5.10 (0.11)

LOI %b 6.30 (0.06) 10.6 (0.1) 6.03 (0.03)

OC %b 0.59 (0.15) 3.12 (0.31) 2.22 (0.14)

BC %b 0.04 (0.01) 0.05 (0.00) 0.14 (0.00)

IC %b 0.75 (0.37) – –

dw %c 60.0 (0.2) 18.2 (0.1) 33.2 (0.3)

Cdd 0.15 (0.08) 3.34 (0.18) 1.07 (0.07)

Crd 3.79 (0.81) 51.9 (4.8) 20.1 (1.7)

Cud 3.56 (3.15) 53.0 (4.8) 35.8 (3.5)

Nid 2.49 (0.41) 44.2 (3.8) 25.0 (1.7)

Pbd 0.77 (0.14) 44.4 (1.9) 18.8 (1.8)

Znd 3.19 (1.60) 130 (7) 56.6 (5.4)

a Mean (SD) of weekly measures during the 28-day toxicity test

(n[ 55)
b Percent of the sediment (dw); mean (SD) of 3 replicates
c Percent of the sediment total weight; mean (SD) of 3 replicates
d Metal concentration as dry sediment (mk/kg); mean (SD) of 24–26

replicates
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among the replicates was relatively small, which indicates

homogenous distribution of Ag in the sediments (Table 1).

Toxicity Test

The pH of the overlying water was at acceptable levels (6–9)

forL. variegatus inAS andHS, but in theKS sediment the pH

was lower than the recommended guideline (OECD 2007).

The oxygen saturation was[90 % throughout the experi-

ment in all sediments, but the validity criteria of an 1.8-fold

increase in the number of individuals was only fulfilled in the

AS sediment (OECD 2007).

Exposure to AgNP-spiked sediments caused no mortality

in any sediment type or exposure concentration, but repro-

duction was significantly decreased compared with the

control at the highest concentration in the KS sediment

(pairwise Student t test, p\ 0.001) (Fig. 1a). In this treat-

ment, the worms were also avoiding the sediment. The

AgNO3-spiked AS sediment was the most toxic to L. varie-

gatus and the only sediment where mortality was observed

(Fig. 1b). Reproduction decreased with increasing AgNO3

concentration in all of the tested sediments (Fig. 1b). The

calculated IC50 values for reproduction and EC50 values for

number of worms (compared with the control) indicate that

the Ag spiked as AgNP was only toxic in KS, that Ag spiked

asAgNO3 showed the highest toxicity inAS followed byHS,

and that the lowest toxicity was observed in KS (Table 3).

No statistically significant differences in total dry bio-

mass of the worms were observed among the exposure

concentrations in any of the test sediments spiked with

AgNP (Fig. 1c). The total dry biomass decreased with

increasing AgNO3 concentration in AS, but it stayed con-

stant in KS and HS (Fig. 1d). Furthermore, sediment

properties affected the total biomass of the test species

among the test sediments. In the beginning of the experi-

ment, the total dry biomass of the worms was 15.69 mg

(SD 0.17) in AS and HS and 19.04 mg (SD 1.78) in KS.

After the 28-day test period, the total dry biomass of worms

increased in the control groups by, on average, 49 %

(23.31 mg SD 1.89) in AS but decreased by, on average,

7 % (14.56 mg SD 1.03) in HS and 16 % (16.01 mg SD

1.60) in KS.
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Fig. 1 Toxicity of Ag spiked as

silver nanoparticles (AgNP) and

silver nitrate (AgNO3) to

Lumbriculus variegatus after a

28-day exposure in spiked

artificial (AS), Höytiäinen (HS)

and Kuorinka (KS) sediments at

various Ag concentrations (mg/

kg dry weight). Number of

worms after a 28-day exposure

to AgNP (a) and AgNO3 (b).
Dry biomass of worms after

exposure to AgNP (c) and
AgNO3 (d). Each symbol

indicates mean and SD of four

replicate samples, except for

control exposure that had six

replicates. Solid line in (a) and
(b) indicates the number of

worms (10) at the beginning of

the experiment. Solid line in

(c) and (d) indicates the starting
dry biomass of the worms in the

AS and HS sediments

(15.69 mg), dashed line in the

KS sediment (19.04 mg)
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Feeding Rate

AgNP exposure had no effect on the fecal pellet production

of the worms in HS and AS (Fig. 2a). In the KS sediment,

however, fecal-pellet production increased with increasing

exposure concentration of AgNP with one exception: At

the highest exposure concentration (1098 mg/kg), the

worms avoided the sediment, and thus the pellet production

decreased (Fig. 2a).

In the natural sediments HS and KS, the worms repro-

duced during the 14-day exposure period (Fig. 2b). In the

HS sediment, the worms reproduced in each concentration

somewhat evenly, but in the KS sediment reproduction was

observed only in the controls and in the two lowest-expo-

sure concentrations (Fig. 2b). In the AS sediment, only a

few extra worms were occasionally found in test vessels.

No significant differences were found in total dry biomass

of the worms between the different Ag concentrations. The

biomass gain was different among the sediments as was

also observed in the toxicity test. The biomass of the

worms increased during the 14-day exposure period in AS

(71 %), stayed constant in KS, and decreased in HS (17 %)

(Fig. 2c).

Discussion

Silver nitrate and AgNP are known to be extremely toxic to

benthic organisms (Khan et al. 2015; Nair et al. 2013).

However, the majority of toxicity studies have been per-

formed using waterborne exposures which does not con-

sider the natural environment of benthic organisms. In

waterborne exposures, the uptake of Ag occurs primarily

over the respiratory-body surface. Sediment exposures are

more environmentally realistic because organisms feed on

the sediment, and g is also internalized into the organisms

through the gut epithelium. Dietary uptake is especially

important when Ag is spiked as AgNP because particles

can be internalized directly by way of endocytosis (Garcı́a-

Alonso et al. 2011). Endocytic uptake can lead to NP-

specific modes of toxicity, which cannot be considered in

water-only exposures.

In this study, the toxicity of Ag spiked as AgNP and

AgNO3 to L. variegatus in sediment exposures was

remarkably lower compared with waterborne exposures in

the literature. Khan et al. (2015) reported LC50 concen-

trations in a 96-hour acute toxicity test to be 64.6 lg/L for

polyvinylpyrrolidone-coated AgNP and 4.4 lg/L for

AgNO3 in OECD 225 standard AFW. In the present study,

no mortality was observed in any of the tested sediments

even at the highest 1098 mg/kg (dw) concentration of

sediment-associated AgNP. The EC50 value for AgNO3

was 38 mg/kg (dw) in AS sediment, but no mortality was

observed in other test sediments. The decrease of Ag tox-

icity in sediments compared with the waterborne exposures

was dramatic, especially when spiked as AgNP, despite the

possible direct uptake of AgNP by endocytosis. The

capacity of sediment to decrease Ag toxicity emphasizes

the need for sediment-toxicity tests when evaluating the

environmental effects of AgNP. Our results indicate that

the toxicity to benthic fauna may be highly overestimated

if only waterborne exposures are used.

Dissolved Ag spiked as AgNO3 was more toxic to L.

variegatus in artificial sediment than in the natural sedi-

ments. This suggests that Ag?-binding capacity is greater

in the natural sediments compared with the AS sediment.

The greater OC content of the HS and KS sediments

compared with the AS sediment partly explains the lower

toxicity of AgNO3 because Ag is known to form complexes

with OC (Erickson et al. 1998). In addition, the grain size

of the natural sediments is small; 79.0 % (HS) and 77.9 %

(KS) of the particles are under 63-lm diameter (Mäenpää

et al. 2003). The high dw % in the AS sediment indicates

that the sediment was mainly reconstructed from coarse

quartz sand resulting in a smaller surface area in the AS

sediment components to bind Ag. The concentration of

acid-volatile sulfides (AVS) in sediment is often considered

to be the most important individual factor in anoxic sedi-

ments because Ag has a strong affinity toward organic and

inorganic sulfur groups (Bell and Kramer 1999; Berry et al.

1999). In this study, the tested sediments were treated

under oxidized conditions where the concentration of AVS

can be considered negligible (Di Toro et al. 1990). Ag also

has high affinity toward Cl- anions (Wingert-Runge and

Andren 1993). In our test set-up, the amount of Cl anions in

the overlying AFW was theoretically high enough to

complex all Ag?; however, because the Ag compounds

were spiked directly to the sediment, the effect of Cl and

Table 3 Calculated IC50 and

EC50 values for a decrease in

the number of worms compared

with control for AgNO3- and

AgNP-exposed L. variegatus

End point Compound Sediment

AS HS KS

Reproductiona IC50 AgNO3 23.9 (3.6) 129 (20) 214 (48)

IC50 AgNP – – 443 (317)

No. of wormsa EC50 AgNO3 38.0 (2.0) 525 (107) 688 (187)

a Based on three-parameter log-logistic model, Ag (determined concentration [kg/dry sediment])
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other anions is considered small. This is proved by the

toxicity of AgNO3 in the test sediments despite the com-

plexing anions in the overlying water.

The toxicity of Ag increases when pH decreases due to

the increased free Ag? concentration in the media (Erick-

son et al. 1998). Low pH also increases the dissolution of

AgNP, which leads to a greater free Ag? concentration and

increased toxicity (Navarro et al. 2008; Peretyazhko et al.

2014; van Aerle et al. 2013). The natural sediment KS had

the lowest pH of the tested sediments. Although the toxi-

city of Ag spiked as AgNO3 was the lowest in KS, it was

the only sediment in which the addition of AgNP resulted

in reproductive toxicity. This indicates that low pH may

increase the toxicity of AgNP more than that of AgNO3.

The IC50 values for reproduction were approximately 2

times greater for AgNP than for AgNO3 in KS sediment. If

toxicity is proposed to be solely a function of Ag?,

approximately 50 % of the particles would be dissolved.

The partitioning studies performed in soil, however, show

that the bioavailable concentration of Ag? in soil is greater

when added as AgNP than when added as AgNO3 (Coutris

et al. 2012). Therefore, direct comparisons between the

toxicity data and the dissolution of AgNP cannot be made.

AgNP can also pose NP-specific toxicity over Ag? (Chan

and Chiu 2015; Cozzari et al. 2015; Garcı́a-Alonso et al.

2014) or ‘‘Trojan horse’’-type of behavior, thus leading to

the intracellular release of Ag? (Moore 2006; Park et al.

2010; Wang et al. 2013). If these NP-specific modes of

toxicity explained the toxicity of AgNP in the KS sedi-

ment, the bioavailability of AgNP should be greater in the

KS sediment compared with the other tested sediments

because no toxicity was observed in the HS or AS sedi-

ments. This is unlikely because the relatively low pH in KS

actually suggests lower bioavailability of AgNP compared

with the other more alkaline sediments due to a stronger

electrostatic attraction between the negatively charged

particles and positively charged matrix (Cornelis et al.

2014). Considering these facts, we suggest that the AgNP

toxicity in KS was mainly caused by dissolved Ag?
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bFig. 2 Effects of Ag spiked as silver nanoparticles (AgNP) on

Lumbriculus variegatus in 14-days feeding rate test in artificial (AS),

Höytiäinen (HS) and Kuorinka (KS) sediments at various Ag

concentrations (mg/kg dry weight). Two control groups without

AgNP are marked as 0.1 and 0.2. Mass of dry feces produced during

the experiment normalized to the total dry biomass of the worms (a).
Identical letters (a–d) indicate groups that do not significantly differ

from each other (p\ 0.05). Number of worms in the end of the

experiment; the solid line indicates the number of worms in the

beginning of the experiment (b). Total dry biomass of the worms after

the experiment (c). Each bar indicates mean and SD of three replicate

samples
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released from the particles and that dissolution is promoted

by the low pH of the sediment.

The nutritional value of sediment to L. variegatus varied

between the tested sediments. The AS sediment was the

only sediment in which worms gained weight. The total

biomass of the worms decreased in the HS and KS sedi-

ments despite the fact that the worms ingested both natural

sediments. This indicates poor nutritional value of the

natural sediments compared with the AS sediment. Espe-

cially the KS sediment seems to have a poor nutrient

content because the biomass-normalized ingestion rate was

highest among the test sediments but the biomass loss was

the largest. No significant difference in the total biomass

was found between the treatments in toxicity or feeding-

rate test despite the significant decrease in the ingested

amount of sediment in the highest concentration of AgNP

in KS. The biomass change does not seem to be an appli-

cable end point for the acute-toxicity tests in the natural

sediments with poor nutritional value because the worms

also lost weight also in the control groups for the HS and

KS sediments.

The feeding behavior of L. variegatus has been shown to

give an immediate response to exposure, and it is consid-

ered to be a more sensitive end point than mortality, bio-

mass gain, or reproduction (Leppänen and Kukkonen

1998). Generally the ingestion rate tends to decrease with

increasing concentration of contaminant, but in the KS

sediment L. variegatus ingested more sediment with

increasing AgNP concentration. We suggest that the

antibacterial properties of AgNP disturbed the microbial

growth in the sediment, which impeded adequate nutrition

of L. variegatus, and thus the worms had to compensate for

the nutrient-poor food by ingesting more sediment. In the

highest-exposure concentration, however, the AgNP-in-

duced stress seemed to become too high for the L. varie-

gatus because the worms avoided the sediment throughout

the test period, and thus the feeding rate was minimal. The

increase in the feeding rate was only observed in the KS

sediment. Microbes can be a more important food source in

KS compared with the other test sediments due to the poor

nutritional value. In addition, the low pH of KS is believed

to be an intensifying factor for AgNP toxicity as discussed

previously.

The natural sediments HS and KS used in this study

were selected to represent typical unpolluted Finnish lake

sediments from a watershed without industrial influence

and have been used in studies as clean reference sediments

(Mäenpää et al. 2003; Ristola et al. 1996). The geochem-

ical background level of metals is slightly increased com-

pared with the consensus-based threshold-effect

concentrations (TEC), thus meaning that these metals

possibly cause toxic effects in a freshwater ecosystem

(MacDonald et al. 2000). In HS, the cadmium (Cd),

chromium, copper (Cu), nickel (Ni), lead, and zinc (Zn)

concentrations are greater than the TEC. In KS, the metal

concentrations were also increased, but they were some-

what lower compared with HS, and only Cd, Cu, and Ni are

greater than the TEC values. However, the background

metal concentrations are typical for sediments in this area

(Ristola et al. 1996). When a test sediment is amended with

Ag, it is possible that Ag? and AgNP displace sediment-

bound metals and release them into the sediment porewa-

ter. Especially Zn and Ni are known to be displaced by Ag

(Call et al. 1999). The measured toxicity in the natural

sediments may therefore be a mixture effect of metals with

Ag being the predominant active substance. Greater con-

centration of background metals may therefore explain the

greater toxicity of AgNO3 in HS sediment compared with

KS sediment. In the AgNP treatments, this effect is not

pronounced because the dissolution of NPs is believed to

be promoted more by the lower pH of KS compared with

HS, thus leading to the greater toxicity in KS. The envi-

ronmental relevance is often a key factor when considering

the behavior of NPs in the aquatic environment. Because

the properties of the natural sediments differ greatly from

the artificially prepared standard sediment, we consider

testing in the natural sediments to be highly important

despite the fact that the environmental factors, apart from

the NP exposure, may complicate interpretation of the

results.

The OECD standard test guideline 225 was successfully

applied for use with nanomaterials. The AS sediment

prepared according to the OECD standard guideline was

the only sediment that fulfilled the validity criteria of an

1.8-fold increase in the number of individuals, and thus

only this part of the study can be considered as a stan-

dardized toxicity test. The low reproduction rate and pH-

related problems in natural sediments advocate the use of

AS in standard testing. The results of the OECD toxicity

tests are in line with the feeding-rate test, which increases

the reliability of the test. However, the following concerns

may have significant effect on the results of the test and

should be properly addressed in the future:

1. The spiking method of the nanomaterial may have an

influence on the outcome of the test. We chose to add

the dry-powder AgNP directly into the sediment

because the amount of NPs was high, and the particles

were unstable in water suspension at such a high

concentration. More stable NP suspensions could also

be spiked as suspension to avoid clumping of the

material. Decreased clumping leads to a greater total

surface area of the spiked component and may possibly

lead to increased toxicity. Indirect addition of NPs to

the overlying water would be an environmentally more

relevant way to spike the nanomaterial, but it could
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decrease the oral uptake of the substance because L.

variegatus burrow into the sediment and feed below

the sediment surface.

2. The characterization of nanomaterial should be care-

fully considered. Because we do not currently have

proper methods to characterize the sediment-associated

nanomaterial, characterization in this study was per-

formed in deionized water before spiking the NPs into

the test media. Despite the fact that the characteriza-

tion in water does not correspond to the experimental

conditions in the sediment, it is essential to assess the

primary structure and properties of the particles in

standard conditions to add comparability between the

studies. The characterization of NPs in the overlying

water was not considered relevant because AgNP were

spiked to the sediment by direct addition and were

never present in the water phase. If indirect addition is

used, characterization in the overlying water should

also be considered because the aggregation and

dissolution of coated AgNP in the water phase is

differently affected by the presence of sediment (Bone

et al. 2012; Unrine et al. 2012). In conclusion, there is

an urgent need to develop reliable and easily achiev-

able methods for the characterization of the nanoma-

terials in sediment media.

Conclusions

The acute toxicity of Ag spiked as AgNP to L. variegatus

was greatly decreased in sediments compared with litera-

ture-reported waterborne toxicity. Silver nitrate was sig-

nificantly more toxic than AgNP in all of the test

sediments, but sediment properties had a different effect on

the toxicity of the two compounds. The toxicity of AgNO3

was lower in the sediments with fine grain size and a rel-

atively high amount of OC. The low pH of the sediment

seemed to overcome these factors when Ag was spiked as

AgNP, and toxicity in terms of reproductive failure,

changes in feeding behavior, and sediment avoidance was

only observed in the natural KS sediment with the lowest

pH value of the tested sediments. We suggest that the low

pH of the KS sediment enhances the release of Ag? from

AgNP and thus promotes the toxicity. However, NP-

specific toxicity, or the synergistic effect of both Ag? and

AgNP and natural heavy metals, cannot be excluded.

Finally, we conclude that OECD guideline 225 can be used

for evaluating the toxicity of nanomaterials in sediments.

Further studies considering AgNP in sediments should

concentrate on the dissolution kinetics and the effects of

sediment pH on the AgNP toxicity. In general with NPs,

the development of characterization methods in complex

environmental media is the most essential issue. However,

the lack of characterization methods should not hinder the

toxicity testing of NPs in complex environmental media

because NPs are constantly released into the environment

where they are likely to pose a risk to the benthic

ecosystems.
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Abstract: Sediments are believed to be a major sink for silver nanoparticles (AgNPs) in the aquatic environment, but there is a lack of
knowledge about the environmental effects and behavior of AgNPs in sediments. The release of highly toxic Agþ through dissolution of
AgNPs is one mechanism leading to toxic effects in sediments. We applied an ultrasound-assisted sequential extraction method to
evaluate the dissolution of AgNPs and to study the partitioning of dissolved Ag in sediments. Silver was spiked into artificial and 2
natural sediments (Lake Höyti€ainen sediment and Lake Kuorinka sediment) as silver nitrate (AgNO3), uncoated AgNPs, or
polyvinylpyrrolidone-coated AgNPs (PVP-AgNPs). In addition, the total body burdens of Ag in the sediment-dwelling oligochaete
Lumbriculus variegatus were assessed over a 28-d exposure period. The dissolution rate was found to be similar between the uncoated
AgNP and PVP-AgNP groups. In all sediments, dissolved Agwasmainly bound to the residual fraction of the sediment, followed by iron
and manganese oxides or natural organic matter. In Lake Kuorinka sediment, dissolved Ag that originated from PVP-AgNPs was
relatively more bioaccessible, also resulting in higher total body burden in L. variegatus than that from uncoated AgNPs or AgNO3. In
artificial sediment and Lake Höyti€ainen sediment, AgNO3 was significantly more bioaccessible than AgNPs. Our results highlight the
importance of sediment properties and AgNP surface chemistry when evaluating the environmental exposure of AgNPs.Environ Toxicol
Chem 2017;9999:1–9. # 2017 SETAC

Keywords: Sediment chemistry Nanoparticles Sequential extraction Nanoecotoxicology Silver

INTRODUCTION

Silver nanoparticles (AgNPs) have the highest degree of
commercialization of all the nanomaterials and are applied in
a wide variety of products ranging from anti-odor textiles to
paints and medical products [1]. Thus, AgNPs have been
released into surface waters, mainly through untreated
wastewaters and effluents from wastewater treatment
plants [2].

Residence time of AgNPs in the surface waters is typically
short as a result of aggregation and further precipitation from the
water column to sediments, which are believed to be the final
sink for the particles in the aquatic environment [2,3].
Aggregation is induced by high ionic strength, when the
electrolytes in the water suppress the repulsive diffuse double
layer of the particles [3]. To prevent such aggregation, AgNPs
are typically coated to increase the repulsive force between the
particles. Steric stabilization by polyvinylpyrrolidone (PVP) is a
common way to increase the stability of AgNPs [3]. Under
environmental conditions where electrolytes and suspended
solids are present, aggregation and sedimentation of AgNPs are
likely to occur despite the coating agents [4,5]. The effects and
behavior of AgNPs in surface waters have been intensively
studied, but only a few articles concerning the environmental
effects in sediment have been published.

The lack of sediment studies derives from the limited
methodology to quantify and characterize the nanoparticles in

complex environmental media. The tendency of AgNPs to
dissolve makes quantification challenging, because it is difficult
to separate dissolved Ag ions (Agþ) from AgNPs in complex
media. Dissolution rate depends on such particle properties as
size, surface area, and capping agent [6–8]. Environmental
factors such as pH, ionic strength, thermodynamics, and the
amount of stabilizing agents (e.g., natural organic matter
[NOM]) also affect the dissolution rate [8–11]. It has been
suggested that the toxicity of AgNPs can be explained solely by
dissolved Agþ [12]. Recent studies indicate that AgNPs are also
toxic in the nanoparticle form and that the toxicity of AgNPs can
be higher than that of Agþ alone [13–15].

From the ecotoxicological point of view, bioaccessible Ag
can be considered a more relevant parameter than total
concentration of the Ag in sediment. Bioaccessibility refers to
the amount of chemical that can be taken up by the organism if
the organism has access to the chemical [16]. The bioacces-
sibility of metals in environmental media can be investigated by
sequential extraction methods. These methods have also been
applied for use with AgNPs in soil [17,18]. The partitioning of
Ag spiked as uncoated AgNPs was found to be strikingly
different compared with Ag spiked as silver nitrate (AgNO3) or
citrate-coated AgNPs. Both AgNPs were quickly immobilized,
but the bioaccessible fraction of Ag spiked as uncoated AgNPs
increased slowly over time, resulting in values many times
higher than those in soil spiked with AgNO3. The differences
among Ag compounds were more pronounced in the soil
containing more organic carbon, and both the surface chemistry
of the AgNPs and the matrix properties were important to the
partitioning of Ag [18]. Similar research has not been conducted
in sediment previous to the present study. Because sediments
are a major sink for AgNPs, it is crucial to study the
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fractionation of AgNP-derived Ag to better evaluate possible
environmental effects.

The aim of the present study was to determine the
partitioning of dissolved Ag in different sediments spiked
with 2 types of AgNPs, and to compare the results with
AgNO3-spiked sediments. Our hypotheses, based on the soil
study conducted by Coutris et al. [18], were that aging of AgNPs
can lead to increasing bioaccessible concentrations of Ag in
spiked sediments, and that the sediment and AgNP properties
have an effect on the partitioning of Ag. To test these
hypotheses, ultrasound-assisted sequential extractions of Ag
were performed [19] over a 28-d period in Ag-spiked artificial
sediment and 2 natural sediments collected from lakes with
different sediment characteristics. The effect of PVP as a
capping agent of AgNPs was assessed by spiking the sediment
with uncoated AgNPs and PVP-AgNPs of roughly similar size.
As a reference material for the partitioning of dissolved Ag,
AgNO3 was used. In addition, the dissolution of AgNPs was
estimated using the sequential extraction data and the
bioaccessible fraction determined by the sequential extraction
was compared with the total body burden of Ag in the benthic
oligochaeta Lumbriculus variegatus.

MATERIALS AND METHODS

Silver nanoparticles

The PVP-AgNPs (purity, 99.9%; diameter, 30–50 nm; PVP
content¼ 0.2wt %) and uncoated AgNPs (purity, 99.5%;
nominal size, 35 nm) were obtained as dry powder from
Nanostructured and Amorphous Materials (Nanoamor). Ana-
lytical grade silver nitrate (AgNO3, supplied by J.T. Baker) was
used as an Ag reference. The size distribution of AgNPs was
estimated by measuring the diameter of 344 uncoated AgNPs
and 205 PVP-AgNPs from 3 grids using the 25 000�
magnification of a transmission electron microscope (JOEL
JEM-1400). The amount of dissolved Ag in readily suspended
nanoparticles was estimated by inductively coupled
plasma–optical emission spectrometry (ICP–OES; Perkin-
Elmer model Optima 8300) after ultracentrifugation. Details
of the characterization are given in the Supplemental Data.

Sediments

Natural sediments collected from Lake Höyti€ainen (North
Karelia, Finland) and Lake Kuorinka (North Karelia, Finland)
and artificial sediment prepared in the laboratory were used in
the experiments. Both Lake Höyti€ainen sediment and Lake
Kuorinka sediment have been used as clean reference
sediments in toxicity tests and contain minimal amounts of
organic contaminants [20]. The artificial sediment was
prepared following Organisation for Economic Co-operation
and Development (OECD) guideline 225 [21] and consisted of
75% combusted quartz sand (grain size, 100–200mm), 5%
finely ground (<500mm) sphagnum peat (Kekkil€a), and 20%
kaolin. Powder made out of the leaves of Urctica dioica
(collected from Jyv€askyl€a, Finland) was used as a food source
and added simultaneously with the Ag compounds 24 h before
the start of the experiment. The pH of the artificial sediment
was adjusted to 7.0 with calcium carbonate. Sediments were
characterized for dry weight percentage; loss of ignition;
organic carbon content; background Cd, Cr, Cu, Ni, Pb, and
Zn concentrations; total Ag concentrations; easily reducible
Fe and Mn oxides (Feox, Mnox); acid volatile sulfides (AVS);
and simultaneously extracted metals. The details of the

characterization and reagents used are given in the
Supplemental Data.

Test organisms

Lumbriculus variegatus oligochaetes were cultured at the
University of Jyv€askyl€a in large aquaria filled with artificial
freshwater (hardness, 1.0mML�1 as CaþMg) at a constant
temperature of 20 8C and a 16:8-h light:dark regime. Cellulose
paper tissues were used as a substrate, and worms were fed with
ground tetra fish food once a week (Tetrawerke). The
L. variegatus were synchronized by cutting them in half 14 d
before the experiment, and only the posterior parts were used.
Synchronization was performed to ensure similar reproductive
states of the test organisms.

Spiking of the sediment

Dry AgNP powder or AgNO3 stock solution (25 gL�1) was
mixed into the sediments in glass jars with a rotating metal
blade, and the jars were mixed at 12 rpm in an overhead rotating
mixer for 24 h. The nominal Ag concentration for AgNPs was
300mg kg�1 (dry wt), and the concentration of AgNO3

was 20mg kg�1 (dry wt). The concentration of AgNPs used
was higher than estimated to be found in the environment [22].
The concentration was selected according to previous studies
done in soil, where dissolution of AgNPs and association of
dissolved Ag with certain soil fractions was low [17,18]. To
ensure analytical precision, a higher concentration of AgNPs
than AgNO3 was used in the present study. Despite the elevated
AgNP concentration, the processes explored in the present study
are environmentally relevant.

Experiment set-up and samples

The experiment was conducted in 3 replicates in 50-mL glass
beakers. The spiked sediment (4.8 g of Lake Höyti€ainen
sediment, 6.8 g of Lake Kuorinka sediment, and 15 g of
artificial sediment as dry wt) was transferred to the bottom of
each test unit, and the beakers were filled with artificial
freshwater (hardness, 1.0mML�1). Test units were left to
equilibrate for 24 h before 3 synchronized L. variegatus were
added to each beaker. The amount of sediment was calculated
roughly to match a 1:50 ratio (w/w) as dry weight of test
organisms to the amount of NOM in the sediment [21].
Temperature in the test room was kept constant at 20 8C, and a
16:8-h light:dark regime was used. The test units were
constantly aerated, and pH was measured from the overlying
water once a week.

The kinetic association of Ag with different sediment
components and the total body burden of Ag in the test
organisms were measured after 2, 5, 9, 14, and 28 d of
exposure. After the exposure period, the worms were sieved
out from the sediment and transferred into clean artificial
freshwater for 6 h to empty their gut, dried at 105 8C overnight,
weighed, and stored at –20 8C for further metal extractions.
The total body burden of Ag in worm tissue was normalized
for the total dry biomass (mg g�1 of Ag in dry tissue). When
the total body burdens were linearly increasing as a function
of time, the sediment uptake coefficients (ks) were calculated
from the slope (mg g�1 d�1 of Ag in dry tissue). For the
sequential extractions, a sample of wet sediment (correspond-
ing to 250mg of dry sediment) was taken from each
experimental unit and processed immediately. The total metal
concentrations were analyzed from the aqua regia–digested
dry sediment samples (200mg). In addition, a 5-mL water
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sample (acidified with 0.5mL of 65% HNO3) was collected
from each unit for analysis of Ag in the overlying water
(discussed in the Supplemental Data). All metal concen-
trations were analyzed by ICP–OES. Details of the sample
treatment and analysis can be found in the Supplemental Data.

Ultrasound-assisted sequential extraction

The ultrasound-assisted sequential extraction method was
used to evaluate the association of Ag with 6 different sediment
fractions [23]. Free Ag concentrations in porewater, bound to
the exchangeable fraction, bound to carbonates, bound to Feox
and Mnox, and bound to NOM and sulfides were determined
from the extraction solutions by ICP–OES. The residual Ag was
calculated by subtracting the sum of other fractions from the
total concentration of Ag in the sediment. The sum of free Ag in
porewater and Ag in the exchangeable fraction is referred to as
the bioaccessible fraction. Results are given as percentage of Ag
based on the estimated dissolved Ag concentration in the
treatment. Full experimental details can be found in the
Supplemental Data.

Dissolution of AgNPs

Total extracted concentration of Ag in each sampling point
(exCAgx(t)) was calculated

exCAgx tð Þ ¼ F1Agx þ F2Agx þ F3Agx þ F4Agx þ F5Agx ð1Þ

where F1Agx, F2Agx, F3Agx, F4Agx, and F5Agx represent the
concentration of Ag (mg kg�1 dry wt) in the extracted fractions
of Ag-spiked test sediment. The exCAgx(t) was used to estimate
the dissolution rate, d%AgNP(t), of AgNPs in each test sediment
at every exposure time

d%AgNP tð Þ ¼ exCAgNP tð Þ � exCAgNO3 tð Þ=totCAgNO3
� �

=totCAgNP � 100 ð2Þ

where totCAgNO3 is total AgNO3 concentration in the sediment
and totCAgNP is total AgNP concentration in the sediment.
Equation 2 assumes that the partitioning of Agþ spiked as
AgNPs is similar to the partitioning of Agþ released from the
AgNPs.

Data treatment and statistical tests

The Ag measurements that fell under the method level of
detection of ICP–OES (1.9mg L�1) were considered as
zero. The nonparametric pairwise Wilcoxon rank sum test
was used for comparisons of the dissolution rates of the
AgNPs among the sediments, and the exact Wilcoxon rank
sum test was used for comparison of the average
bioaccessible Ag (at 9,14, and 28 d) among the treatments
normalized to the total dissolved Ag. The significance
threshold was set at 0.05 after Holm–Bonferroni step-down
correction [24]. One-way analysis of variance with Tukey’s
honest significant difference post hoc test (p< 0.05) was
used to compare the absolute bioaccessible concentration of
Ag among the different exposure times and different Ag
treatments. Normality of the data was tested with the
Shapiro–Wilk normality test and homogeneity of variance
with Levene’s test. Occasionally, the assumption of
normality was violated; but in terms of robustness of the
test, this does not preclude the use of parametric tests [25].
Analyses were performed using R Ver 3.0.1 (R Foundation
for Statistical Computing).

RESULTS AND DISCUSSION

Characterization of AgNPs

The diameter of uncoatedAgNPsmeasured from the pictures
taken by transmission electron microscope varied from 11.9 to
48.8 nm, resulting in a mean (�standard deviation [SD])
diameter of 39.4 nm (� 12.6 nm), and from 7.5 to 74.8 nm for
PVP-AgNPs, resulting in a mean (�SD) diameter of 28.6 nm
(� 5.8 nm; Supplemental Data, Figure S1). Both AgNPs formed
large agglomerates when suspended in water (Supplemental
Data, Figure S1). Further characterization of AgNPs in water
suspension was not considered relevant, because AgNPs were
spiked into the sediment as dry powder. The amount of readily
dissolved Ag in the freshly prepared AgNP suspension was
0.075% (� 0.006) for PVP-AgNPs and 0.30% (� 0.01) for
uncoated AgNPs.

Sediment characterization

In the Lake Höyti€ainen sediment, the pH stayed relatively
constant (5.8–6.2) throughout the experiment, decreased in the
Lake Kuorinka sediment from 6.2 to 4.7, and increased from 7.0
to 8.3 in artificial sediment during the 28-d test period
(Supplemental Data, Figure S3). The AVS of the sediments
wasmeasured from the storage containers before the experiment
(Table 1). The test sediments were then treated under oxic
conditions, and thus the amount of AVS at the start of the
exposure is considered negligible in all sediments. The Lake
Kuorinka sediment was the only sediment containing a
measurable amount of AVS, which suggests that AVS can be
reformed in the anoxic layer of the sediment during the 28-d
exposure period [26]. The concentration of Feox, Mnox, Cd, Cr,
Cu, Ni, Pb, Zn, and organic carbon content was highest in the
Lake Höyti€ainen sediment, followed by Lake Kuorinka
sediment, and artificial sediment (Table 1). The variation of
the total Ag concentrations in the spiked sediments was highest

Table 1. Characteristics of the test sediments

Höyti€ainen Kuorinka Artificial

Dry weight (%)a 18.7 (0.7) 43.6 (1.0) 68.8 (1.2)
LOI (%)a 10.6 (0.2) 4.20 (0.07) 4.73 (0.08)
OC (%)b 2.57 (0.04) 1.70 (0.00) 1.36 (0.07)
AVS (mmol g�1)b ND 2.83 (0.68) ND
SEM (mmol g�1)b 2.60 (0.32) 1.26 (0.06) 0.126 (0.064)
AVS-SEMb �2.60 (0.32) 1.57 (0.70) �0.126 (0.064)
Feox

c 19 700 (730) 9840 (340) 153 (2)
Mnox

c 20 400 (920) 313 (26) 0.343 (0.020)
Cdd 2.37 (0.24) 1.07 (0.14) ND
Crd 67.4 (7.6) 33.4 (4.6) 9.27 (1.63)
Cud 55.9 (10.8) 41.7 (8.2) 20.5 (13.1)
Nid 51.6 (4.8) 35.6 (3.0) 4.81 (0.75)
Pbd 32.7 (2.7) 12.4 (1.1) ND
Znd 124 (13) 68.0 (7.0) 3.00 (1.14)
AgNO3

d 21.5 (4.0) 19.4 (0.7) 17.9 (2.2)
Uncoated AgNPsd 178 (112) 171 (137) 315 (122)
PVP-AgNPsd 196 (45) 262 (33) 278 (42)

aAt the end of exposure, n¼ 3 (� standard deviation).
bBefore the exposure, n¼ 2 (� standard deviation).
cAt the end of exposure, n¼ 3, mg kg�1 dry weight (� standard deviation).
dAt the end of the exposure, n¼ 6, mg kg�1 dry weight (� standard
deviation).
LOI¼ loss of ignition; OC¼ organic carbon; AVS¼ acid volatile sulfides;
SEM¼ simultaneously extracted metals; Feox¼ easily reductable iron
oxides; Mnox¼ easily reductable manganese oxides; AgNO3¼ silver
nitrate; PVP-AgNPs¼ polyvinylpyrrolidone-coated silver nanoparticles;
ND¼ not detected.
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with the uncoated AgNPs, indicating possible heterogeneous
distribution of uncoated AgNPs in the sediments (Table 1).

Dissolution rate of AgNPs

Aquatic toxicity of AgNPs is typically found to be several
times lower than toxicity of Agþ [27]. Toxic effects often derive
from Agþ released from the AgNPs by dissolution. It is difficult
to measure the dissolution rate of AgNPs in sediment, because
the dissolved Ag is rapidly bound by the sediment compo-
nents [17,18]. In the present study, the dissolution rate was
evaluated by assuming the partitioning of Agþ spiked as AgNO3

and dissolved Ag released from the AgNPs to be similar. A
sequential extraction method accompanied by ICP–OES
analysis was used to assess the concentration of Ag in different
sediment fractions. These methods do not take into account the
form of the Ag in the extracts of the final samples, but our
assumption is that the amount of AgNPs is minimal and Ag is
mostly present as dissolved compounds (see discussion in the
Supplemental Data). Using Equations 1 and 2, the dissolution
rate was estimated individually at each sampling point (Table 2).
The association of Ag released from AgNPs may, however, be
slower than Ag spiked as AgNO3, because AgNPs need to first
dissolve and AgNO3 was spiked already dissolved. Thus, we
considered the average dissolution among the sampling points
to be the best estimate of the dissolution rate of AgNPs in the test
sediments. In Lake Höyti€ainen sediment, the extractable
concentration of Ag spiked as AgNO3 at 14 d was unexpectedly
low (Figure 1), leading to relatively high estimates of
dissolution (Table 2). This estimate was excluded from the
average, because the estimates of dissolution rates among the
other sampling points were close to each other, and a similar
decrease was not observed in the AgNP-spiked sediments at 14
d. In Lake Kuorinka sediment and artificial sediment, the
dissolution rate is given as an average of all sampling points
(Table 2).

The PVP coating did not have an effect on the average
dissolution of AgNPs, because no significant difference was
observed in the dissolution rates between the uncoated AgNPs
and PVP-AgNPs in the Lake Höyti€ainen sediment, Lake
Kuorinka sediment, or artificial sediment (p¼ 1.000; Table 2).
Surface chemistry is reported to be one of the major factors
influencing the dissolution rate of AgNPs in addition to size and
morphology of the particles [7,28]. Sterically stabilized
particles such as PVP-AgNPs have typically reduced dissolu-
tion rates compared with uncoated or electrostatically stabilized
particles because of the physical protection provided by the
coating [29]. However, the PVP coating does not totally
eliminate the dissolution of AgNPs [30]. The similar dissolution

rate between PVP-AgNPs and uncoated AgNPs in the present
study can be explained by the interaction of AgNPs with NOM
in the sediments. The presence of NOM is known to increase the
stability of AgNPs by coating the particles both sterically and
electrostatically and thus protecting initially uncoated par-
ticles [31–33]. Also PVP-AgNPs are influenced and coated by
the NOM by displacing the PVP coating or associating with the
coating, which adds an additional electrostatic barrier [34].
Natural organic matter that is rich in sulfur and nitrogen
complex has a great affinity to Ag and a high potential to
decrease the dissolution rate of AgNPs by blocking the active
sites on the surface [35]. In conclusion, we believe that the
NOM–AgNP interactions protect particles from oxidation and
further dissolution in a somewhat similar manner, leading to
similar dissolution rates for uncoated AgNPs and PVP-AgNPs.

The quality of NOMwas not assessed in the present study but
may be one factor explaining the differences in dissolution rates
among the sediments, because the dissolution rate of AgNPs
was significantly higher for PVP-AgNPs in Lake Höyti€ainen
sediment than in Lake Kuorinka sediment or artificial sediment
(p< 0.001), but was similar between Lake Kuorinka sediment
and artificial sediment (Table 2). A significant difference was
also found for uncoated AgNPs between Lake Höyti€ainen
sediment and artificial sediment (p< 0.001) but not between
Lake Kuorinka sediment and artificial sediment (p¼ 0.747).
The high organic carbon content was not observed to be a
significant dissolution reducing factor, because dissolution
increased with sediment organic carbon content (Lake
Höyti€ainen sediment>Lake Kuorinka sediment> artificial
sediment). Low pH has also been found to promote the
dissolution of AgNPs in water, but in soils, dissolution was
independent of pH, possibly because of the increased coagula-
tion of AgNPs [8,10]. However, dissolution in the soil
suspension was reported to be fast, and it was concluded that
unmodified AgNPs were not persistent in the soil suspen-
sions [10]. Our results indicate that the role of pH on the
dissolution among different sediments is small; but, in contrast
to the soil suspensions, AgNPs seemed to be persistent in
sediment, probably because of the fast interaction with NOM in
the sediments protected AgNPs from dissolution.

Partitioning of dissolved Ag in the sediments

The concentrations of Ag recovered from each fraction in
AgNP-spiked sediments were normalized with the estimated
total dissolved Ag, calculated using the average dissolution
rates of AgNPs. This was performed to add comparability
between AgNO3 and AgNP treatments. The association of
AgNPs with different sediment fractions was not assessed in the

Table 2. Estimated dissolution of silver nanoparticles in the test sediments

Höyti€ainen Kuorinka Artificial

Uncoated AgNPs (%) PVP-AgNPs (%) Uncoated AgNPs (%) PVP-AgNPs (%) Uncoated AgNPs (%) PVP-AgNPs (%)

2 da 41.0 (2.8) 39.3 (3.6) 31.8 (3.0) 21.7 (2.8) 16.8 (4.8) 20.7 (1.0)
5 da 28.8 (5.0) 40.5 (5.7) 38.8 (7.4) 27.6 (4.0) 20.3 (7.1) 23.0 (3.1)
9 da 35.9 (8.3) 38.0 (5.4) 42.8 (38.5) 32.3 (6.0) 20.6 (6.4) 21.2 (1.8)
14 da 91.2 (10.1)b 66.4 (10.3)b 31.0 (12.5) 19.7 (4.1) 25.9 (3.3) 29.3 (3.0)
28 da 29.3 (2.5) 30.2 (1.9) 11.3 (2.2) 14.4 (1.9) 14.1 (0.6) 14.5 (0.7)
Average 33.8 (6.8) 37.0 (5.7) 31.1 (19.2) 23.1 (7.3) 19.8 (5.8) 21.7 (5.2)

aMean of 3 replicates� standard deviation.
bExcluded from the average.
AgNPs¼ silver nanoparticles; PVP-AgNPs¼ polyvinylpyrrolidone-coated silver nanoparticles.
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present study, because they were removed from the samples by
the centrifugation.

The residual fraction. The Ag in the residual fraction is
considered to be highly stable and is not expected to be released
under conditions encountered in nature [19]. It consists of
components such as resistant Ag-sulfides, Ag trapped into
cavities of amorphous clays or minerals, and metallic Ag
reduced from Agþ by humic substances [19,36,37]. In all
treatments, the residual fraction was the most dominant fraction
binding dissolved Ag (Figure 1). The results compare well with
the soil studies, where themajority of Ag is also reported to lie in
the residual fraction [38,39]. In artificial sediment, the
concentration of residual Ag was seen to increase during the
experiment with all Ag compounds, indicating slower associa-
tion of Ag in the artificial sediment compared with natural Lake
Höyti€ainen and LakeKuorinka sediments (Figure 1). The coarse
grain size of artificial sediment can explain this observation. The
artificial sediment consisted mainly of 100- to 200-mm quartz
sand, whereas the natural sediments of Lake Höyti€ainen and

Lake Kuorinka are reported to consist mainly of material under
65mm: 79.0% in Lake Höyti€ainen sediment and 77.9% in Lake
Kuorinka sediment [40].

NOM and sulfides and the Feox/Mnox fractions. Affinity of
Ag toward NOM, sulfides, Feox, and Mnox is high [41]. The role
of sulfides in the present study can be considered negligible,
because the test sediments were treated under oxidized
conditions in which sulfides are depleted. Thus, the NOM
and sulfides fraction is considered to consist only of Ag bound
by NOM.

The Feox/Mnox fraction bound relatively more Ag (7.7–17%
of AgNO3, 13–16% of uncoated AgNPs, and 10–13% of
PVP-AgNPs) than NOM (0.0–5.6% of AgNO3, 2.9–13% of
uncoated AgNPs, and 7.3–9.5% of PVP-AgNPs) with all Ag
compounds in Lake Höyti€ainen sediment (Figure 1A–C). The
high concentration of Feox and especially Mnox in Lake
Höyti€ainen sediment may explain the relatively higher
association (Table 1). The NOM fraction seemed to be more
important in binding Ag spiked as uncoated AgNPs (5.3–18%)

Figure 1. Relative distributions of dissolved Ag (normalized to estimated total dissolved concentration of Ag in sediments) associated with the different
sediment fractions, water-soluble, exchangeable fraction, carbonates, Fe andMn oxides, and natural organic matter. The sum of water-soluble and exchangeable
fractions is referred to as the bioaccessible fraction in the text. Association was measured by sequential extractions after 2-, 5-, 9-, 14-, and 28-d contact times.
The Ag was spiked to Höyt€ainen (A–C), Kuorinka (D–F), and artificial (G–I) sediments as AgNO3 (A,D,G), uncoated silver nanoparticles (B,E,H), and
polyvinylpyrrolidone-coated silver nanoparticles (C,F,I). Results are given as a mean of 3 replicatesþ standard deviation. NOM¼ natural organic matter;
PVP-AgNP¼ polyvinylpyrrolidone-coated silver nanoparticle; uc-AgNP¼ uncoated silver nanoparticle.
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and PVP-AgNPs (10–15%) also in Lake Kuorinka sediment,
because it was dominant over the Feox/Mnox fraction (4.6–7.7%
with uncoated AgNPs and 4.4–6.0% with PVP-AgNPs;
Figure 1D–F). In contrast, the Feox/Mnox fraction bound more
Ag (7.0–18%) than the NOM fraction (4.8–13%), when spiked
as AgNO3 in Lake Kuorinka sediment (Figure 1D–F).

As discussed inDissolution rate of AgNPs, NOM is likely to
coat initially uncoated AgNPs and partially replace the PVP
coating on the particles [31–34]. Interactions between AgNPs
and NOM can increase the total surface area of NOM, because
the molecules become well arranged on the surface of AgNPs,
opening more specific binding sites for Ag. The coating process
is reported to be fast and is therefore expected to take place
simultaneously with dissolution of AgNPs [34]. The association
can thus be intensified by the close distance of freshly released
Agþ and NOM. Alternatively, formed NOM coatings might be
prone to oxidation by the H2O2 extraction, making the surface of
AgNPs also susceptible. This can lead to overestimation of the
NOM-bound dissolved Ag in the samples.

In artificial sediment, NOM-associated concentration of Ag
decreased during the experiment from 28 to 15% with AgNO3,
from 37 to 16%with uncoated AgNPs, and from 41 to 14%with
PVP-AgNPs. In addition, Ag associated on the Feox/Mnox
fraction decreased from 12 to 6.8%, from 6.2 to 2.1%, and from
6.7 to 3.2% in AgNO3-spiked, uncoated AgNP-spiked, and
PVP-AgNP–spiked sediment, respectively (Figure 1G–I). The
coarse grain size of artificial sediment compared with natural
sediments can explain the slower association kinetics, as
discussed in the section The residual fraction.

The carbonate fraction. The association of Ag on carbo-
nates is reported to be low [17,18,38,39]. Our results compare
well with previous studies. In Lake Höyti€ainen sediment, the
recoveries of dissolved Ag were 0.0–1.7%, 0.0–1.8%, and
0.3–0.5% spiked as AgNO3, uncoated AgNPs, and PVP-
AgNPs, respectively (Figure 1A–C). In Lake Kuorinka
sediment, no Ag spiked as AgNO3 was extracted from the
carbonate fraction, but a small proportion was recovered with
uncoated AgNPs (0.0–2.3%) and PVP-AgNPs (1.2–3.4%;
Figure 1D–F). In artificial sediment, 2.9% of Ag spiked as
AgNO3 at 2 d was associated with the carbonate fraction, but
only marginal proportions at later sampling points or when
spiked as AgNPs (Figure 1G–I). More importantly, no Ag was
recovered from the carbonate fraction in any of the Ag
treatments at the end of the experiment.

The bioaccessible fraction. In the present study, more focus
is given to the association of Ag on the bioaccesible fraction
(sum of water-soluble and exchangeable Ag). The environmen-
tal relevance of this fraction is high, because bioaccessible Ag
can potentially be bioavailable to benthic organisms.

In Lake Höyti€ainen sediment, the concentration of bio-
accessible Ag spiked as AgNO3 remained constant through the
experiment: 2.9% at the beginning and 3.8% at the end of the
experiment (Figure 1A). Uncoated AgNP was not bioaccessible
up to 9 d, but small amounts of bioaccessible Ag were extracted
at 14 d (0.6%) and at 28 d (0.4%; Figure 1B). In contrast to
uncoated AgNPs, PVP-AgNPs were more bioaccessible
through the experiment: 1.5% at the beginning and 0.9% at
the end of the experiment (Figure 1C).

In Lake Kuorinka sediment, at the 2-d sampling point, 3.0%
of Ag spiked as AgNO3 was bioaccessible. The proportion
decreased to under 0.5% with longer contact times (Figure 1D).
Of the Ag spiked as uncoated AgNPs, 0.5%was bioaccessible at
the beginning of the experiment, but no bioaccessible Ag could
be recovered at the end of the experiment (Figure 1E). As in the

Lake Höyti€ainen sediment, the concentration of bioaccessible
Ag originating from PVP-AgNPs remained constant through the
experiment: 3.0% at the start and 2.7% at the end of the
experiment (Figure 1F).

In artificial sediment, 8.1% of the AgNO3-spiked Ag was
bioaccessible at the beginning of the experiment. The
proportion decreased with longer contact times, but still
0.8–4.6% of Ag remained in the bioaccessible fraction
throughout the experiment (Figure 1G). The proportion of
bioaccessible Ag varied from 0.0 to 0.4% with uncoated
AgNPs and from 0.1 to 1.0% with PVP-AgNPs between 2 and
14 d, but no bioaccessible Ag was recovered at the end of the
exposure from the AgNP-spiked artificial sediment
(Figure 1H and I).

The bioaccessibility of Ag among the treatments was
compared by using the average bioaccessible proportion of
dissolved Ag between 9 and 28 d. Two first sampling points
(2 and 5 d) were excluded, because the relatively high
concentrations at 2 d (AgNO3 in Lake Kuorinka sediment
and artificial sediment and PVP-AgNPs in Lake Kuorinka
sediment) and the relatively low concentrations at 5 d (AgNO3

in Lake Kuorinka sediment and artificial sediment and
PVP-AgNPs in Lake Kuorinka sediment) indicated that the
Ag compounds were not in equilibrium. In the Lake Höyti€ainen
sediment and artificial sediment, Ag spiked as AgNO3was more
bioaccessible than AgNP-spiked Ag (p< 0.001; Figure 2).
Interestingly, in the Lake Kuorinka sediment, there was
significantlymore bioaccessible Ag in the PVP-AgNP treatment
than in the AgNO3 or uncoated-AgNP treatments
(p¼ 0.004–0.018), and the Ag concentration was similar to
the AgNO3-spiked Lake Höyti€ainen sediment and artificial
sediments (p¼ 0.140–1.000; Figure 2). The bioaccessibility of
PVP-AgNP–spiked Ag was constantly higher than uncoated
AgNP-spiked Ag also in the Lake Höyti€ainen sediment, but the
difference was not significant (Figure 2).

Figure 2. The percentage of bioaccessible Ag of the total dissolved Ag in
Höyti€ainen, Kuorinka, and artificial sediment spiked as silver nitrate
(AgNO3), uncoated silver nanoparticles (un-AgNPs), and polyvinylpyrroli-
done-coated silver nanoparticles (PVP-AgNPs). Each bar represents an
average % (þstandard deviation) of bioaccessible Ag between 9 and 28 d
contact time (total n¼ 9). Letters A and B represent groups that significantly
differ from each other (p< 0.05) according to the exact Wilcoxon
Mann–Whitney rank sum test with Holm step-down correction.
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Our results indicate that dissolved Ag released from
PVP-AgNPs is more bioaccessible in the Lake Kuorinka
sediment than AgNO3-spiked Ag. This result is consistent with
earlier findings of the toxicity test conducted with L. variegatus
in the same sediments, where PVP-AgNPs were found to be
toxic only in the Lake Kuorinka sediment, but the toxicity of
AgNO3 was highest in artificial sediment followed by Lake
Höyti€ainen sediment and Lake Kuorinka sediment [42].
Increased bioaccessibility of dissolved Ag spiked as
PVP-AgNPs was unexpected, because released Ag fromAgNPs
was predicted to be bound by the sediment in a similarmanner as
Ag in the AgNO3 treatment. Coutris et al. [18] observed similar
increased bioaccessibility of Ag spiked as uncoated AgNPs
compared with citrate-coated AgNPs or AgNO3 in organic and
mineral soil. They proposed that larger and more easily
aggregated uncoated AgNPs might release Ag in the form of
smaller particles and relatively stable complexes. The associa-
tion kinetics of these compounds is speculated to be slow,
shifting the equilibrium in the soil media toward bioaccessible
fractions during the 70-d exposure time. This might not be the
case in the present study, because the dissolution of AgNPs was
found to be immediate, and bioaccessibility of Ag increased
only with PVP-AgNPs. In contrast, the bioaccessibility of Ag
spiked as uncoated AgNPs decreased to a negligible amount at
28 d in artificial sediment and Lake Kuorinka sediment
(Figure 1E and H).

The binding of Agþ on the surface of PVP-AgNPs could
explain the elevated bioaccessibility of dissolved Ag [7,8,43].
The affinity of pristine PVPs to Agþ has been experimentally
proved to be low [35], but the PVP coating is expected to be
partly replaced and covered by NOM in the sediment [34]. It is
possible that formed PVP–NOM–AgNP complexes loosely
bound dissolved Ag, thus increasing the bioaccessible Ag in the
test system. The quality of the NOM, such as the quantity of
sulfur and nitrogen groups, has a strong effect on AgNP–NOM
reactions, and could partly explain the differences among the
sediments [35]. Although our experimental data fit this
hypothesis, it is based on strong speculation, and more research
is needed to reveal the mechanism behind the increased
bioaccessibility of dissolved Ag in the PVP-AgNP–spiked Lake
Kuorinka sediment.

Total body burdens of Ag in L. variegatus

The bioaccessible concentration of dissolved Ag determined
by sequential extractions was generally in good agreement with
the total body burden of Ag measured from L. variegatus in
natural sediments, even though the digested worm samples also
contained AgNPs attached onto or taken up by the test
organisms. The results suggest that most of the Ag is taken
up as dissolved Ag rather than AgNPs in natural sediments. No
conclusions on whether the differences in total body burden are
statistically significant could be made because of the small
sample size resulting from the unexpected outliers and mortality
in the Lake Höyti€ainen sediment samples (see Supplemental
Data for details).

In the Lake Höyti€ainen sediment, the total body burdens of
Ag for L. variegatus were very similar between AgNO3 and
PVP-AgNPs (Figure 3A). The total body burden increased
linearly (r2¼ 0.91–0.93) as a function of time in both
treatments. The sediment uptake coefficients determined from
the slope were: AgNO3¼ 3.04mg g�1 d�1 and PVP¼ 2.61mg
g�1 d�1. In uncoated AgNP-spiked Lake Höyti€ainen sediment,
the total body burdens were smaller compared with other Ag
compounds. No statistically significant difference in the

absolute extracted bioaccessible concentration of Ag among
the treatments was found (Figure 3AB).

In Lake Kuorinka sediment, Ag spiked as PVP-AgNPs
produced a higher total body burden than other Ag
compounds, as also predicted by the higher amount of Ag
in the bioaccessible fraction (Figure 3C and D). Significantly
more bioaccessible Ag was extracted with PVP-AgNPs at the
2-d sampling point compared with uncoated AgNPs
(p¼ 0.020), and at the 28-d sampling point compared with
AgNO3 (p¼ 0.016) and uncoated AgNPs (p¼ 0.010).
The total body burden of Ag increased linearly as a function
of time in the PVP-AgNP (r2¼ 0.87) and AgNO3

treatments (r2¼ 0.93). The sediment uptake coefficients
determined from the slope were: AgNO3¼ 1.31mg g�1 d�1

and PVP-AgNP¼ 3.41mg g�1 d�1. No Ag was detected in the
worms exposed to uncoated AgNPs (Figure 3C).

In artificial sediment, the total body burden in PVP-
AgNP–treated sediment peaked during early exposure but
then decreased and reached a plateau at 9 d (Figure 3E). A
similar peak was seen after a 9-d contact time in AgNO3-spiked
sediment (Figure 3E), but the total body burdens decreased after
that, possibly because of the growth of the test organisms
(Supplemental Data, Figure S5). The concentration of bio-
accessible Ag was significantly higher at the beginning of the
experiment with AgNO3 compared with uncoated AgNPs
(p< 0.001) and PVP-AgNPs (p¼ 0.017) or 5- to 9-d sampling
points with AgNO3 (p¼ 0.001–0.017; Figure 3F).

Selection of equilibrium time is essential in laboratory dosed
sediment studies. For AgNPs, no information is available on the
proper contact time with the sediment before adding
the organisms. Short equilibrium times may overestimate the
bioavailability, because the association with sediment may be
slow and high amounts of Ag can stay bioavailable during early
exposure. On the other hand, dissolution of AgNPs can lead to
increasing bioavailability of Ag during long equilibrium
periods [18]. In the natural sediments, the short 24-h equilibrium
time did not lead to increased bioaccessibility or bioaccumu-
lation of Ag in the early exposure. In artificial sediment, the
bioaccessibility of AgNO3 was highest at the beginning of the
experiment. The slower equilibrium in artificial sediment can
be explained by the coarser grain size of the artificial sediment:
the association of dissolved Ag and AgNPs is slower compared
with the relatively finer grain natural sediments [44]. Most
likely PVP-AgNPs were also bioavailable at early exposure in
artificial sediment, because the highest total body burden was
observed at the beginning of the experiment despite the low
bioaccessibility of dissolved Ag. The decreasing total body
burden at the later sampling points can be explained by the
growth of the test organisms and the stronger complexation of
PVP-AgNPs with the sediment (also supported by the
increasing amount of Ag in the residual fraction). In the
uncoated AgNP-spiked sediments, this effect was not seen,
probably because of a lack of stabilizing PVP coating, resulting
in more rapid association with the sediment components.
Coleman et al. [45] concluded in their study that neither the
coating nor the size of AgNPs influenced the bioaccumulation
factors of the Ag from the sediment to L. variegatus. For the
marine benthic polychaete Nereis virens, bioaccumulation was
influenced by the AgNP coating agent [46]. In the present study,
the PVP-coating on AgNPs was found to promote the
bioaccumulation of AgNP-originated Ag. Our results also
highlight the importance of media properties, which seemed to
have a varying effect on the behavior of uncoated AgNPs and
PVP-AgNPs. Sufficient equilibrium time was also dependent on
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the media and AgNP properties. According to our results, an
equilibrium time of 24 h was sufficient for AgNPs in natural
sediments; but in artificial sediment, equilibrium times up to 9 d
should be used.

In waterborne exposures, the estimated tissue residues at the
point where 50% of individuals died have been reported to be
19.5mg g�1 for AgNO3 and 148.5 to 169.8mg g�1 for AgNPs
with varying capping agents [47]. In our experiments, the total
body burdens of Ag exceeded these values in all tested
sediments for AgNO3, but mortality (as missing worms) was
only observed in the Lake Höyti€ainen sediment after 28 d of
exposure. Ingestion of Ag is minimal in waterborne exposures,
and comparing the values is complicated by the different uptake
route. However, the total body burdens increased linearly in the
natural sediments spiked with AgNO3 and PVP-AgNPs. Thus, it
is possible that in the natural Lake Kuorinka and Lake
Höyti€ainen sediments, these compounds have toxic effects for
chronic exposures longer than 28 d.

CONCLUSIONS

The hypothesis that aging of AgNPs would lead to a higher
bioaccessible concentration of Ag in sediment was rejected,
because the concentration of bioaccessible Ag did not increase
in any treatment during the 28-d test period. The PVP coating
and sediment properties had an influence on the association of
Ag in the sediments as hypothesized; the dissolved Ag that
originated from PVP-AgNPs was more bioaccessible than that
from uncoated AgNPs or AgNO3 in the natural Lake Kuorinka
sediment. The dissolution rates of uncoated AgNPs and

PVP-AgNPs were estimated to be similar, thus varying among
the sediments. The measured sediment characteristics, such as
organic carbon content, Feox/Mnox, or pH, could not explain the
observed differences. More research on NOM(–PVP) –AgNP
interactions should be conducted to reveal the mechanisms
behind our observations. Higher bioaccessibility of dissolved
Ag also resulted in a higher total body burden in L. variegatus,
indicating that the uptake of Ag happens mainly as dissolved Ag
species rather than AgNPs. Overall, our results suggest that the
possibility of hazardous effects in the environment is lower for
uncoated AgNPs than for AgNO3 or PVP-AgNPs.

Supplemental Data—The Supplemental Data are available on the Wiley
Online Library at DOI: 10.1002/etc.3798.
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