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Abstract

Context Habitat loss is a major threat to biodiversity.
It can create temporal lags in decline of species in
relation to destruction of habitat coverage. Plant
species specialized in semi-natural grasslands, espe-
cially meadows, often express such extinction debt.
Objectives We studied habitat loss and fragmenta-
tion of meadows and examined whether the changes in
meadow coverage had caused an extinction debt on
vascular plants. We also studied whether historical or
present landscape patterns or contemporary environ-
mental factors were more important determinants of
species occurrence.

Methods We surveyed the plant species assemblages
of 12 grazed and 12 mown meadows in Central
Finland and detected the meadow coverages from their
surroundings on two spatial scales and on three time
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steps. We modelled the effects of functional connec-
tivity, habitat amount, and isolation on species rich-
ness and community composition.

Results We observed drastic and dynamic meadow
loss in landscapes surrounding our study sites during
the last 150 years. However, we did not find explicit
evidence for an extinction debt in meadow plants. The
observed species richness correlated with contempo-
rary factors, whereas both contemporary factors and
habitat availability during the 1960s affected commu-
nity composition.

Conclusions Effective conservation management of
meadow biodiversity builds on accurate understanding
of the relative importance of past and present factors
on species assemblages. Both mown and grazed
meadows with high species richness need to be
managed in the future. The management effort should
preferably be targeted to sites located near to each
other.

Keywords Biodiversity - Extinction debt -

Fragmentation - Habitat loss - Landscape change -
Semi-natural grasslands

Introduction
Habitat loss and degradation caused by anthropogenic

land-use changes are major global threats to biodiver-
sity (Pimm et al. 1995; Sala et al. 2000; MEA 2005;
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Fischer and Lindenmayer 2007). Concurrently with
habitat loss, habitat fragmentation is often implicated
in the loss of biodiversity (e.g. Haddad et al. 2015;
Wilson et al. 2016). A recent synthesis (Haddad et al.
2015) revealed that decreased fragment area,
increased isolation, and the creation of habitat edges
consistently degraded ecosystems, reducing species
persistence, species richness, nutrient retention,
trophic dynamics, and, in more isolated fragments,
movement. Such ecological consequences are medi-
ated through three broadly defined mechanisms: loss
of habitat amount, changes in the spatial configuration
of the landscape, and the different interaction effects
of area and configuration and the matrix surrounding
the habitat patches (Wilson et al. 2016).

There is vast empirical evidence demonstrating that
habitat loss has large and consistently negative effects
on biodiversity (Fahrig 2003, 2017; Villard and
Metzger 2014; Haddad et al. 2015). Several studies
have also shown that an increase in the amount of
habitat in the local landscape increases species
richness (Fahrig 2013). The extent to which the spatial
configuration of the habitat patches within the land-
scape contributes to these outcomes has been a subject
to intensive debate (Villard and Metzger 2014). This
especially concerns the question whether fragmenta-
tion, i.e. the degree to which a given amount of habitat
is broken apart, has significant effects on biodiversity
atop habitat amount (Fahrig 2003; Villard and Met-
zger 2014).

On general level, the ecological effects of habitat
fragmentation per se are not significant when com-
pared to habitat loss (Fahrig 2003, 2017). Unfortu-
nately, a majority of research thus far does not separate
the effects of habitat loss from the configurational
effects of fragmentation, i.e. changes in number of
patches, patch sizes, and between-patch distances
(Fahrig 2003). Yet separation of habitat loss vs.
fragmentation effects is important for conservation
practices, as they differ from each other. However,
those studies that have made this distinction have not
been consistent in their conclusions (Fahrig
2003, 2017). Firstly, it is predicted that habitat
configuration does not matter and the number of
species is simply a function of the total amount of
habitat in the local landscape (Fahrig 2013). Secondly,
adverse consequences of fragmentation have been
demonstrated in cases where there is little habitat left
across large areas (Hanski 2011, 2015; Rybicki and
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Hanski 2013). Thirdly, habitat fragmentation per se is
suggested to have positive ecological effects as it
increases the functional connectivity of the landscape
by creating larger number of smaller habitat patches
with smaller distances between them (Fahrig 2017).

Functional connectivity considers organisms’
behavioral responses to individual landscape elements
and the spatial configuration of the entire landscape
(Kindlmann and Burel 2008). Connectivity is impor-
tant in determining species distributions as it predicts
colonization of habitat patches (Moilanen and Niem-
inen 2002). For example, when landscape structure is
more favorable to movements, a species may require a
smaller total area of habitat to persist (Villard and
Metzger 2014). For highly fragmented habitats, the
best and most consistent performance is found for
connectivity measures that take into account the size
of the focal patch and the sizes of and distances to all
potential source populations (Moilanen and Nieminen
2002). Therefore connectivity as a concept ties
together the habitat amount, its spatial configuration,
and possible matrix effects, and gives these an
ecological meaning.

There is a consensus that higher functional con-
nectivity results in higher probability of species
persistence (Villard and Metzger 2014). However, as
fragmentation proceeds with habitat loss, functional
connectivity deteriorates and eventually the total
amount of habitat declines to the point where the
species cannot sustain itself (extinction threshold, see
Fahrig 2003; Villard and Metzger 2014). Thus, the
ecological response of the species to habitat loss and
fragmentation is nonlinear (Hanski 2011), and stron-
gest ecological effects of habitat fragmentation should
be observable at the intermediate levels of habitat
amount (Pardini et al. 2010; Villard and Metzger
2014). When the habitat amount is high, only habitat
loss will matter (above so-called fragmentation
threshold; see Andrén 1994; Fahrig 2017). If the
amount falls below the extinction threshold, the
species will not persist (Villard and Metzger 2014).
According to metapopulation theory, the extinction
threshold refers to the point along a gradient of habitat
loss and fragmentation where the metapopulation
loses its viability as local colonizations do not suffice
to compensate for local extinctions (Hanski 2011).

There is evidence for an interaction between the
total amount of habitat and the degree of fragmenta-
tion: for more habitat, more fragmentation is possible
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without additional effect on the number of surviving
species (Rybicki and Hanski 2013). Several studies
have demonstrated fragmentation effects when the
total amount of habitat falls under a threshold of
10-30% of the entire landscape (Andrén 1994; Pardini
et al. 2010; Hanski 2011; Rybicki and Hanski 2013).
Yet, the fragmentation threshold hypothesis remains
to be under continuous testing, as a recent review by
Fahrig (2017) found no consistent empirical evidence
for it.

In general, the fraction of available habitat that is
occupied by a species is an important indicator of
population viability (Hanski 2011). In practice, under-
standing the interactive effects of habitat amount and
configuration is challenging because nonlinear and
synergistic or antagonistic effects are generally pre-
sent (Villard and Metzger 2014). Species also respond
to landscape changes in different ways depending on
their degree of specialization with the focal habitat
type (Andrén et al. 1997). Habitat generalists may
seem to survive in very small patches, when they
actually utilize resources also from the surrounding
matrix (Andrén 1994). The situation is further com-
plicated when multiple species are considered simul-
taneously (Monkkonen and Reunanen 1999). Species
that occur within the same landscape differ in their
habitat requirements and functional responses to land
cover composition, making analyses of fragmentation
effects on multispecies communities a true challenge
(Hanski 2015).

The effects of habitat loss and fragmentation on
communities and ecosystems can take years to
decades before becoming apparent, suggesting that
patches will continue to lose species for considerable
time periods (Haddad et al. 2015; Wilson et al. 2016).
Several studies have demonstrated such delayed loss
of species, a phenomenon called extinction debt
(Kuussaari et al. 2009; Haddad et al. 2015). If
extinction debt exists, the remnant populations are
deemed for local extinction after species-specific
temporal lags without habitat restoration measures
(Kuussaari et al. 2009; Krauss et al. 2010; Haddad
et al. 2015). Extinction debt can arise through several
mechanisms that are related to species’ traits and
population dynamics (Hylander and Ehrlén 2013;
Haddad et al. 2015). Its existence is a profound
challenge to the conservation of species and their
habitats (Kuussaari et al. 2009; Hanski 2011).

A common procedure to detect extinction debt
involves mapping current species richness and exam-
ining to what extent species richness is explained by
past and present habitat extent (Kuussaari et al. 2009).
Extinction debt exists if excessive number of species,
especially habitat specialists, is observed after the loss
of habitat: i.e. species richness is higher than what
would be expected in relation to the present habitat
amount or connectivity (Cousins 2009; Kuussaari
et al. 2009; Krauss et al. 2010). For example, species
richness of semi-natural grassland plants is often
shown to reflect historical rather than contemporary
habitat configuration (Lindborg and Eriksson
2004a, b; Helm et al. 2005; Cousins 2009; Krauss
et al. 2010; but see Oster et al. 2007; Cousins and
Vanhoenacker 2011). Although species richness often
decreases significantly with increasing habitat loss and
fragmentation, other measures of community struc-
ture, such as species abundance and community
composition, may more accurately inform how these
processes affect biotic communities (Lampila et al.
2005; Wilson et al. 2016; Haddad et al. 2015). For
example, population size is a more sensitive measure
of extinction debt than species richness, as populations
decline in species-specific manner before going
extinct (Lampila et al. 2005; Hylander and Ehrlén
2013).

In Finland, meadows have faced severe habitat loss
and fragmentation due to agricultural modernization
during the last 100 years (Salminen and Kekéldinen
2000; Luoto et al. 2003b; Raunio et al. 2008). Meadow
habitats depend on constant management actions such
as mowing and extensive grazing that create interme-
diate disturbances, which maintain high biodiversity
(Pykidld 2000). During the twentieth century, tradi-
tional management practices were abandoned or
replaced by intensive agriculture, and meadow cover
decreased to less than one percent (Salminen and
Kekildinen 2000; Luoto et al. 2003b). This and
suboptimal grazing or mowing of the remaining
meadows have led to the endangerment of hundreds
of species (Rassi et al. 2010).

The termination of management of meadows has
caused significant changes in landscape structure and a
decline in the overall number and population sizes of
vascular plant species (Luoto et al. 2003b; Rassi et al.
2010). Therefore meadow habitats are a central target
for conservation action on national level (Heikkinen
2007). Most of the Finnish studies exploring the
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ecological effects of past land uses have been
conducted in southern parts of the country (Luoto
et al. 2003a; Pykala et al. 2005; Pykéla 2007; Pitkidnen
et al. 2014, 2016; Lampinen et al. 2017). However,
due to regional differences in biogeography and
agricultural history (Ahti et al. 1968; Soininen
1974), the biological legacies may express alternative
patterns in other parts of the country.

In this paper, we study whether meadow loss and
fragmentation from the mid-nineteenth century
onwards has caused extinction debt on contemporary
meadow species in Central Finland. We compare the
effects of past and present habitat amount, connectiv-
ity, and isolation together with contemporary envi-
ronmental factors on vascular plant richness and
community composition. We hypothesize that the
meadow coverage has become strongly fragmented
from the mid-nineteenth century to the present day,
and thus remnant species communities may witness
extinction debt, expressed as a causal relationship
between species and historical amount and/or connec-
tivity of meadow habitat. Our results give insights into
what criteria (e.g. past or present spatial factors, or
current environmental site attributes) are most influ-
ential in optimizing future conservation actions con-
cerning these threatened habitats. The results also
indicate if the total amount of meadow habitat,
historical or contemporary, is more important than
habitat configuration in explaining the current mea-
dow species assemblages.

Methods
Study sites

We studied 24 meadow sites located in the province of
Central Finland (Fig. 1). All study sites were located
in the southern half of the province in order to reduce
biogeographical turn-over in their species assem-
blages. We included moist, mesic, or dry meadows
under either mowing or grazing management (n = 12
and 12, respectively). The latter were grazed by
horses, cattle, and/or sheep. All meadows had been
managed yearly through mowing or grazing for at least
10 years, and their minimum size was 0.1 ha.
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Fig. 1 The locations of the study sites (IDs 1-24) within
biogeographical vegetation zones in southern Central Finland.
Mown sites (1-12, square symbol) and grazed sites (13-24,
circle symbol) are differentiated on the map. Note that on three
occasions (24/9; 10/15; 11/23) symbols of grazed and mown
sites are overlapping on the map since the sites are located on the
same farms. Index map (below) shows the overall location of the
study area in relation to the cities of Helsinki and Jyviskyld in
Finland

Plant and soil data

We conducted vegetation surveys on the study sites
between late June and early July 2014. On each site,
we established a 44 m edge-to-center study transect
with a randomized compass course determining the
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starting point. On small or narrow meadows with
limited space for transects, we split transects into two
parts so that the first part covered the original transect
and the remaining length was positioned perpendicu-
larly to the first, crossing it at its mid-point. In every
ten meters, we located a 2 m x 2 m plot to the right
side of the transect, starting at 2 m point and ending at
42 m. We sampled five plots on each meadow,
comprising together 20 m?>. Within each plot all
vascular plant species and their abundances (as
percentage cover) were recorded. The plot-wise
species occurrences were pooled in order to determine
site-level species occurrences. Since we were inter-
ested in the responses of species that typically grow in
meadows, we extracted meadow species from the list
of all species based on the list provided in Appendix 1
in Pykald (2001). In this list, Pykéld has included all
vascular plant species that have been characteristic for
Finnish meadows in the late nineteenth century. In the
subsequent analyses we included only the number of
these meadow species as a response variable and
excluded all other species.

Average vegetation height (cm) was assessed in the
study plots. This was repeated three times during the
growing season in 2014: In June—July and in Septem-
ber—October. For each site, the average of recorded
values was used in the analyses.

We collected soil samples from the plots in May
2014. We used a soil corer of 3 cm diameter to take
two samples from the opposite corners of each plot,
totaling 10 samples per site. Samples were taken from
soil surface to 5 cm depth, excluding undecayed litter.
The samples taken from each site were mixed,
homogenized with a 4 mm mesh sieve, and preserved
in the freezer. Soil pH was measured from a suspen-
sion of 6 ml soil and 30 ml 0.01 M CaCl,. We used a
median of three pH measurements in our analyses.

Landscape variables

We created 1 and 2 km radius buffer zones (hereafter
study landscapes) around each study site for historical
and contemporary meadow coverage detection. We
used two distance thresholds (the radii), since the
exact scale of ecological effect was uncertain (Fahrig
2013). These selected distances correspond to reason-
able dispersal distances for plant species living on
meadow habitats (Lindborg and Eriksson 2004a; Helm
et al. 2005; Cousins and Lindborg 2008). The average

dispersal ranges from less than 1 to 3 km (Helm et al.
2005; Soons et al. 2005).

To map meadow coverages, we acquired historical
maps and contemporary geospatial data covering the
study landscapes from three time periods: 1841-1855
(time step 1), 1961-1972 (time step 2) and year 2010
(time step 3). For time step 1 we acquired cadastral
maps as photographed map sheets from the National
Archives of Finland. Time step 2 consisted of scanned
topographical map sheets from Central Finland Centre
for Economic Development, Transport and the Envi-
ronment. Geospatial data for time step 3 was obtained
from the vector-format topographical database of the
National Land Survey of Finland. Topographical and
cadastral maps were georeferenced and rectified in
ArcGIS to match spatially with the 2010 topographic
database (using ESRI® ArcMAP™ version 10.3).

All meadow patches within the study landscapes
were interpreted and digitized from the maps (Fig. 2).
The digital conversion process into geospatial mea-
dow layers was done retrospectively beginning with
the latest time step 3 (Bender et al. 2005; Mokkonen
2006). As the cadastral maps had gaps and missing
land cover information in some places, we classified
both meadows and missing data areas for the oldest
time step 1. In topographical maps (time step 2) such
problems were not encountered. The interpretation
and digitizing was done in scale of 1:6000 with a
minimum mapping unit of 10 x 10 m, determined
from the scale of the original maps.

Past and present habitat connectivity in each study
landscape were calculated from the meadow coverage
data according to the time layers. We used a graph-
theoretic approach to functional connectivity that is
based on a patch-corridor-matrix model and measures
habitat availability (Pascual-Hortal and Saura 2006;
Laita et al. 2011). The chosen measure, integral index
of connectivity (IIC), is shown to provide reliable
information on habitat amount and the degree of
connectivity between patches (Pascual-Hortal and
Saura 2006). It recognizes increasing topological
distances between patches as lower connectivity, and
favors habitat located in a single large patch (Laita
etal.2011). Because it treats connectedness of patches
as binary, it is suitable for exploring scale-dependency
in connectivity effects (i.e. which is the threshold
distance for observed ecological response).

In ArcGIS, rasterized meadow coverages for each
of the three time steps were extracted and re-
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Time step 1 (1841-1855)

0 1 2 4 km

Fig. 2 Example of the geospatial data from one of the study
sites (ID 22; located in the center of the circle). Top maps show
the original map data sets from the three time steps, and below
are their corresponding meadow patches. Buffers with 1 km

vectorized. Patch sizes and all edge-to-edge distances
were calculated for every meadow patch within the
study landscapes. These data were analyzed using
Conefor 2.6 (an updated version of Conefor Sensinode
2.2; Saura and Torné 2009), which is a software
designed for graph-theoretic connectivity analyses.
We calculated IIC within each study landscape in
every time step separately, given by:

n no aixa;

D it Dt Tl
2
AL

e = (1)
where g; is the area of each patch and n/;; is the number
of links in the shortest path (measured as Euclidean
distance) between patches i and j. A, is the total
analyzed landscape area, comprising both habitat and
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Time step 3 (2010) N
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(dashed line) and 2 km (solid line) radii exemplify how the data
was delineated into study landscapes for the analyses. For a full
color version of the figure, the reader is referred to the online
version of the article

non-habitat patches. In forming links, respective to the
radius of the studied landscape, we used a distance
threshold of either 1 or 2 km. Patches that were less
apart from each other than the threshold distance were
considered as connected to each other. In calculating
time step 1 connectivity, we adjusted the A; value to
correspond to the area where data was available. In
more recent maps A; was equaled to the total area of
the study landscape. This opportunity to adjust the
value of the total landscape area was an important
reason why we chose to use IIC.

For each study site, each time step, and both
landscape radii, we calculated two functional connec-
tivity index values: a regular IIC with information on
patch sizes and a distance-based IIC with a fixed patch
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size attribute (a= a; = 1 ha). This allowed us to
control for the effect of inclusion of patch size
information into the index, giving an index value that
was based on the variation of inter-patch distances and
number of patches within the threshold distance.

To compare the functional connectivity indices to
the total amount of habitat, the areas of all meadow
patches were pooled within the study landscapes. Such
buffer measures are commonly used in connectivity
studies and they measure structural rather than func-
tional connectivity (Moilanen and Nieminen 2002).
For time step 1, the amount of meadow area was
corrected according to the missing data (small
destroyed patches or white areas in the maps). We
assumed that the amount of meadows that we had no
data on was proportional to the recorded meadow
coverage within each study landscape. For each
landscape, we divided the combined amount of habitat
with the A; value and added a respective proportional
area of missing meadows to the sum of habitat amount.
In further analyses we square-root transformed the
total amount of meadows to linearize the cumulative
species-area relationship (MacArthur and Wilson
1967).

In addition, we analyzed buffer-independent patch
isolation for each study site and each time step. This
was measured as the nearest-neighbor distance to the
closest meadow patch edge from the starting point of
the study transect. Distance to nearest-neighboring
population is the simplest form of connectivity
measures and it is widely applied both in spatial
ecology and in reserve site selection literature in
conservation biology (Moilanen and Nieminen 2002).
However, it is a poor predictor of species viability, and
therefore it is not advisable to rely solely on it when
measuring connectivity (Moilanen and Nieminen
2002).

Finally, to derive coarse information on the land-
use history of the study sites, we calculated a simple
age depth variable. We categorized the binary occur-
rence of meadow cover on each site for every time step
and added up the values. Thus the variable included
information on the number of time steps when the site
had been meadow.

Statistical analyses

The richness of meadow species was analyzed using
generalized linear models (GLMs) with Poisson

distribution. We had seven landscape variables, with
data from the three time steps for each of the variables,
and given the small sample size (n = 24) it was not
reasonable to fit all of the variables in one global
model. Furthermore, some of the variables correlated
strongly with each other. By separating the landscape
variables into different models we were able to
compare their relative support over each other. Thus,
in each model, the effect of past vs. present state of one
landscape variable on meadow species richness was
analyzed. As a result, we built seven GLMs:

1. regular connectivity (IIC) of meadows within
2 km radius;

2. distance-based connectivity (IIC distance) within
2 km radius;

3. the amount of meadow habitat within 2 km radius,
square-root transformed;

4. regular connectivity (IIC) of meadows within
1 km radius;

5. distance-based connectivity (IIC distance) within
1 km radius;

6. the amount of meadow habitat within 1 km radius,
square-root transformed; and

7. the distance to the nearest
meadow.

neighboring

All of the landscape variables were measured on all
three time layers. In every GLM, we also included
other environmental variables: Management type
(grazed or mown), soil pH, the quadratic effect of soil
pH, the interaction between management type and soil
pH, the age depth of the study meadow, and the East
and North coordinates of the site. Vegetation height
was not included in the models because it correlated
strongly with soil pH. Before analyses, all continuous
explanatory variables were standardized into zero
mean and unit variance. The lack of spatial autocor-
relation in the full model residuals was confirmed with
Moran’s I test (using 2- and 4-nearest-neighbor
structures).

We subsequently compared the likelihoods of the
separate models given the data on meadow species
richness. The models were ranked based on their
second-order Akaike Information Criterion (AICc)
values, and those having empirical support in terms of
AlCc differences were simplified and parameterized
through model averaging (Burnham and Anderson
2002; Grueber et al. 2011). For every full model, all
possible submodels were derived, including also an
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intercept-only model. From this set of models, those
fulfilling a cut-off criterion of top 2 AICc were
extracted and averaged in order to estimate the final
model parameters, using the so-called zero method
(Burnham and Anderson 2002).

The site-wise abundances of meadow species were
analyzed with canonical correspondence analysis
(CCA). The constrained ordination method enabled
the use of environmental factors in explaining com-
position of species communities, thus complementing
the GLMs that were used to model meadow species
richness. In CCA, we built seven models that were
similar to GLMs, except that the quadratic effect of pH
and the interaction between management and pH were
excluded. Model-building in CCA was based on
permutation tests (with significant terms added
sequentially using 999 permutations). As the infor-
mation-theoretic approach is not yet compatible with
ordination analyses (Burnham and Anderson 2002),
we utilized statistical approach based on null-hypoth-
esis testing in the community analysis.

Statistical analyses were done with R version 3.4.3
(R Core Team 2017) using packages “MASS” (Ripley
et al. 2017), “spdep” (Bivand et al. 2017), “MuMIn”
(Barton 2018), and “vegan” (Oksanen et al. 2017).

Results
Meadow loss and fragmentation

We observed declines in the functional connectivity
(Fig. 3a, b and d, e) and the total amount of meadow
habitat (Fig. 3c, f; Table 1) before year 2010 (time
step 3). In the mid-nineteenth century (time step 1), the
proportional meadow coverages surrounding our
study sites ranged from zero to 17.2% (within study
landscapes defined by the 1 km radius). The current
meadow coverage was 2.3% in maximum, and in
twenty cases less than one percent (for mean values,
see Table 1). A median of 7.7% of the meadow
coverage on time step 1 remained on time step 3. Even
though the general trend during the time interval was a
decrease in coverage, the magnitude of the change
ranged widely and we noticed an increase in meadow
coverage on three specific occasions.

The decline in the amount and connectivity of
meadows were similar on both studied spatial levels
(study landscapes with 1 and 2 km radii). In unison,
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the distances from study sites to their nearest-neigh-
boring meadow patch increased (Fig. 3g). Thus the
study sites have become increasingly isolated as the
meadow coverage decreased. This general observa-
tion, however, was not seen in the mean edge-to-edge
distances that were measured between all meadow
patches located within the 1 km radius. On those
occasions where there was more than one meadow
patch within the study landscape, mean between-patch
distances halved during the studied time period
(Table 1). This indicates that the few remnant meadow
patches are on average near to each other. Yet in six
study landscapes the contemporary map data included
only one meadow patch, and one even zero, because
one of the study sites was mislabeled as forest.

Comparison of the three time steps indicates that
the loss of meadow habitat has been pronounced
before the 1960s (time step 2; Fig. 3c, f, Table 1). This
initial decline in habitat amount did not increase
nearest-neighbor distances; the isolation effect
became observable only after the middle time step
(Fig. 3g). Similarly, the number of meadow patches
did not decline linearly, but a drastic drop was
observed before year 2010 (time step 3; Table 1).

On some occasions habitat loss was tied to
fragmentation, which is reflected in peaks of dis-
tance-based IIC values on time step 2. Within these
study landscapes, the increase in distance-based
connectivity between time steps 1 and 2 indicates
more patches with shorter inter-patch distances
(Fig. 3b, e). For example, distance-based IIC calcu-
lated for the landscape surrounding study site 22 on
time step 2 is the highest in Fig. 3b and second highest
in Fig. 3e (the data are depicted in Fig. 2). In general,
the meadow patches have been small throughout the
study period, but they were at their smallest on time
step 2 (Table 1). This, also, is in accordance with the
fragmentation effect (more and smaller patches nearer
to each other). However, fragmentation per se was not
always observed: within several landscapes habitat
loss occurred together with declining number of
patches and increasing between-patch distances
(Fig. 3b, e).

Vascular plant species richness
A total of 156 vascular plant species occurred on the

study sites, with a mean species richness of 43.6
species per site. Seventy-four of the species were
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Fig. 3 Values for landscape variables for each time step (1-3).
a and b indicate regular and distance-based Integral Index of
Connectivity (IIC) values calculated using 2 km threshold
distance. The lines connect the values of a given study site.
Panel c depicts the distribution of total habitat amount within the

2 km radius. d—f indicate respective values for 1 km radius. In
panel g, distances from each study site to its nearest-neighboring
meadow patch are given. The x-axis is scaled according to
approximate intervals between the time steps

Table 1 Changes in

meadow coverages in
landscapes surrounding the
study sites over the three
time steps

Meadow amount,
proportional coverage, and
number of patches are
means over the study
landscapes

Mean patch sizes and edge-
to-edge distances are
calculated over all patches

The values are derived from
1 km buffer zones

In addition to medians and

Metric Time step Median Average SE
Meadow amount (ha) 1 14.61 18.57 3.04
2 5.56 5.47 0.75
3 1.16 1.80 0.34
Proportion of meadow coverage (%) 1 4.65 591 0.97
2 1.77 1.74 0.24
3 0.37 0.57 0.11
Number of meadow patches 1 8 13 3
2 8 12 2
3 2 3 0
Mean patch size (ha) 1 0.34 1.30 0.16
2 0.22 0.48 0.05
3 0.30 0.62 0.13
Mean edge-to-edge distance (m) 1 725.17 760.48 7.47
2 691.47 702.06 9.12
3 271.66 351.49 32.71

averages, also standard
errors (SE) are shown

classified as meadow species and their mean richness
was 30.3 species per site. No threatened species were
observed, but two near-threatened species were
recorded: Botrychium lunaria and Dianthus deltoides.
All observed species are listed in Online Resource 1.

Comparison of the full models indicated that the
amount of meadow habitat within 1 km radius best
explained the number of meadow species when
compared to the other landscape variables (Table 2).
Three models that were very close to each other in
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Table 2 Generalized linear model selection statistics

Model AlCc A; log(L) K w; Rank D?

Model 1: regular connectivity within 2 km 189.01 2.74 — 7251 10 0.13 2 0.35
Model 2: distance-based connectivity within 2 km 193.11 6.84 — 74.55 10 0.02 7 0.22
Model 3: habitat amount within 2 km 190.75 4.48 — 73.37 10 0.06 6 0.29
Model 4: regular connectivity within 1 km 190.70 442 — 7335 10 0.06 5 0.30
Model 5: distance-based connectivity within 1 km 189.79 3.52 — 72.89 10 0.09 4 0.33
Model 6: habitat amount within 1 km 186.27 0.00 — 71.14 10 0.52 1 0.44
Model 7: nearest-neighbor distance 189.18 291 — 72.59 10 0.12 3 0.35

AlICc gives second-order AIC that is corrected for small sample size

A,; are AICc differences relative to smallest AICc among the models

Log-likelihood of each model is given in log(L)
K is the number of estimable parameters in the model

The rank order of the models from best fit to least fit is based on Akaike weights (w;) and AICc differences

D? gives the ratio between deviance explained by the model and null deviance

terms of model selection statistics followed it: regular
connectivity (IIC) within 2 km radius, nearest-neigh-
bor distance, and distance-based connectivity within
1 km radius. The differences in the AICc values of
these models fell within four units from the best
model, giving a total sum of Akaike weights of 0.87.
Other models had considerably less empirical support
(with AICc differences > 4; Burnham and Anderson
2002) and were omitted from model averaging.

In the simplified models, variables that explained
meadow species richness were mostly contemporary
(time step 3) factors (Table 3, Fig. 4). Of these, the
most important variables were the current habitat
amount and distance-based connectivity, both being
present in all selected models (Table 3, Fig. 4d, e).
Both were measured within 1 km radius and associ-
ated with increasing species richness. When the
variables were compared with each other, habitat
amount at 1 km radius had the highest predictive
power with the data (Table 2). Two historical vari-
ables were left in the models: regular connectivity
(2 km radius IIC) at time step 2 (Fig. 4c) and habitat
amount at time step 1 (within 1 km radius; models 1
and 6 in Tables 2 and 3). Their effects, however, were
weak. The distance to the nearest neighboring meadow
on time step 3 had a slight effect on species richness:
When the distance increased, species richness
decreased (Table 3, Fig. 4f). Also other contemporary
factors, excluding management and management*pH
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interaction, were left in the simplified model 7. Among
these, the most important ones were the observed
negative effect of the East coordinate (Fig. 4a) and the
quadratic effect of soil pH (Fig. 4b). These variables
were also retained in most of the other models
(Table 3).

Community composition of meadow species

In Canonical Correspondence Analysis, the models
that had significant impact on the community compo-
sition of meadow species included regular connectiv-
ity within 2 km radius and the combined amount of
meadow habitat within both 1 and 2 km radii
(Table 4). During simplifying the models, contempo-
rary landscape variables were removed and only time
step 2 values were retained including regular connec-
tivity and habitat amount within 2 km radius
(Table 5). In addition to these remnant effects from
1960s, the simplified models showed that the com-
munity composition of meadow plants was associated
with variation in soil pH and management type
(Table 5, Online Resource 2). The best fit model,
with 28.8% of the total inertia explained, included
time step 2 connectivity (2 km regular IIC), manage-
ment type, and soil pH (Table 5).
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Table 3 Results of generalized linear models on meadow species richness

Full model Simplified model (model averaged parameters)
Estimate SE Estimate Uncond. 95% CI lower 95% CI upper Relative
SE limit limit importance
Model 1: Regular connectivity within 2 km
(Intercept) 3353 0.155 3.418 0.042 3.331 3.504
Management 0.073 0.110
Time step 1 IIC 0.053 0.051
Time step 2 IIC —0.140 0.070 — 0.021 0.042 —0.169 0.035 0.31
Time step 3 IIC —0.040 0.048 —0.002 0.012 — 0.108 0.053 0.06
pH —0.089 0.199 —0.002 0.012 — 0.108 0.049 0.06
pH? —0.048 0.045 - 0.007 0.021 — 0.105 0.035 0.20
Age depth 0.052  0.069 0.006 0.022 — 0.045 0.134 0.14
North coordinate —0.012 0.043 —0.001 0.011 —0.104 0.054 0.06
East coordinate — 0.083 0.049 —0.032 0.046 — 0.161 0.017 0.45
Management*pH 0.077 0.103
Model 5: Distance-based connectivity within 1 km
(Intercept) 3.446 0.145 3417 0.043 3.328 3.506
Management —0.002 0.101
Time step 1 IIC distance 0.037  0.049
Time step 2 IIC distance — 0.017  0.067
Time step 3 IIC distance 0.080 0.045 0.090 0.035 0.017 0.162 1.00
pH —0.203 0.194
pH? —0.022 0.042 —0.010 0.024 —0.103 0.038 0.30
Age depth 0.016  0.063
North coordinate 0.030 0.052
East coordinate —0.017 0.052
Management*pH 0.117 0.109
Model 6: Habitat amount within 1 km
(Intercept) 3.571 0.138 3425 0.064 3.294 3.555
Management —0.092 0.095 — 0.008 0.033 —0.229 0.087 0.11
Time step 1 habitat 0.017  0.047 0.003 0.015 — 0.048 0.108 0.10
amount
Time step 2 habitat — 0.006 0.060
amount
Time step 3 habitat 0.105 0.040 0.101  0.038 0.023 0.180 1.00
amount
pH — 0206 0210 — 0.003 0.015 —0.110 0.046 0.10
pH? —0.015 0.041 —0.007 0.020 —0.114 0.029 0.15
Age depth 0.006 0.073 0.003 0.015 — 0.047 0.111 0.10
North coordinate — 0.004 0.046
East coordinate —0.040 0.045 —0.010 0.026 —0.130 0.026 0.18
Management*pH 0.105 0.113
Model 7: Nearest-neighbor distance
(Intercept) 3471 0.141 3420 0.043 3.331 3.510
Management 0.012  0.102
Time step 1 NN distance 0.058 0.058

@ Springer



2180 Landscape Ecol (2018) 33:2169-2187

Table 3 continued

Full model Simplified model (model averaged parameters)
Estimate SE Estimate Uncond. 95% CI lower 95% CI upper Relative
SE limit limit importance
Time step 2 NN distance — 0.043  0.054
Time step 3 NN distance — 0.095 0.054 — 0.014 0.031 —0.133 0.033 0.27
pH — 0280 0.182 —0.002 0.013 — 0.108 0.049 0.07
pH? —0.069 0.050 —0.010 0.024 —0.113 0.033 0.24
Age depth —0.053 0.074 0.003 0.015 — 0.042 0.115 0.09
North coordinate 0.000 0.044 —0.002 0.012 — 0.104 0.054 0.07
East coordinate —0.073 0.044 —0.018 0.034 —0.134 0.022 0.32

Management*pH 0.115 0.103

The numbering of the models refers to the text

Estimates and their statistics are given according to full and simplified models

Management is either mowing (reference category) or grazing

For soil pH, both linear and quadratic (x?) effects were included in the models

Management*pH refers to an interaction between the two variables

In model 6, habitat amount was square-root transformed on all time steps (1: 1841-1855, 2: 1961-1972, and 3: 2010)

Discussion

Strong habitat loss but weak evidence
for extinction debt

We observed drastic changes in meadow coverage in
landscapes surrounding our study sites during the last
150 years. As we hypothesized, meadows have faced
severe habitat loss, but this overall process seems to
have been locally highly dynamic. We observed that
on different locations, the rate and magnitude of
change varied; in few study landscapes even the
direction was opposite, resulting in increased instead
of decreased habitat coverage. This indicates that the
temporal continuity of meadow patches is likely to be
low in Central Finland.

Given the magnitude of overall meadow loss since
the mid-nineteenth century, it was surprising that we
did not observe explicit historical effects on present-
day vascular plant species richness. Observed num-
bers of meadow species resulted from contemporary
factors rather than from historical habitat amount and/
or configuration, suggesting that extinction likely
plays a minor role. Based on historical records,
populations of several meadow species have declined
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in Central Finland during the late twentieth and the
early twenty-first century, and this is mainly due to the
cessation of meadow management (Uusitalo 2007).
The overgrowing of abandoned meadows is the second
most important reason behind both regional extinc-
tions and endangerment of species in Finland (Rassi
et al. 2010).

In our data, the greatest decline in habitat coverage
occurred after the mid-nineteenth century, but we did
not observe that this change had effects on species
richness or communities. This conclusion may be
partially due to restrictions in our analytical approach.
Unfortunately, there were no historical species occur-
rence data available from our study sites, and therefore
we could not analyze temporal trends in species
richness. Instead, we used a common but perhaps
simplistic method that seeks for correlations between
current species richness and past landscape structure
(Lindborg and Eriksson 2004b; Kuussaari et al. 2009).
However, the use of species abundances in the
community analysis seemed to complement this
approach as it revealed that current community
composition was affected by the amount and connec-
tivity of meadow habitat during the 1960s. Certain
species, whose occurrence was connected to the
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Fig. 4 Results of the GLM analyses on meadow species
richness. The effects of East coordinate (a) and soil pH
(b) were retained in most of the simplified models. Influential

historical landscape structure, are considered indica-
tors of high meadow quality (Bistorta vivipara,
Pilosella lactucella, and Trifolium medium; see Online
Resource 2 and Pykald 2001). This suggests that there
are certain meadow species that express temporal lags
in their decline, but this is not reflected to the overall
species richness. Thus, the extinction debt as
described by Kuussaari et al. (2009) was not evident
in our data.

In a recent study, Lampinen et al. (2017) surveyed
74 grassland generalist and 41 specialist species from
power line clearings in Southern Finland and noted
that both groups responded positively to late nine-
teenth century connectivity of nearby meadows. Using
the same species categorization, we observed 74
generalist but only four specialist species (of which
one was B. vivipara), and a strong relation to
contemporary, but not to historical habitat pattern.
Lack of specialists in our data may be partially caused
by survey sampling; an inventory of total species
richness of the sites would have resulted in more

Time step 3 habitat amount (ha)

Time step 3 NN-distance (km)

landscape variables from models 1, 5, 6, and 7 are shown in c—f,
respectively. Grazed sites are depicted as open circles and mown
sites as filled squares

exhaustive data (Oster et al. 2007). On the other hand,
we were interested in capturing the average number
and abundance of species on the study sites. As the
study meadows differed in size, sampling was needed
to produce comparable data sets. As we observed strict
meadow specialists only rarely, we suggest that the
populations of meadow species may either already
have become extinct or faced significant decline on
our study sites, or that the extinction debt never
developed on the sites.

The first alternative conclusion is supported by a
comparison to other empirical studies. It is common to
argue that extinction debt is already paid, if the
contemporary habitat distribution is sparse and species
richness follows its pattern (Cousins 2009; Kuussaari
et al. 2009; Kolk and Naaf 2015). A Swedish meta-
study demonstrated that extinction debt was evident in
landscapes where over 10% of the original grassland
habitat was still left; in more fragmented landscapes
species richness was related to contemporary habitat
pattern (Cousins 2009). Furthermore, in landscapes
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Table 4 Canonical correspondence analysis: model selection
statistics

Model Df x2 F value p value

Model 1: regular connectivity within 2 km
Model 8 1.05 1.29 0.065*
Residual 15 1.53

Model 2: distance-based connectivity within 2 km
Model 8 0.96 1.11 0.245
Residual 15 1.62

Model 3: habitat amount within 2 km
Model 8 1.03 1.24 0.041%*
Residual 15 1.55

Model 4: regular connectivity within 1 km
Model 8 1.00 1.18 0.194
Residual 15 1.58

Model 5: distance-based connectivity within 1 km
Model 8 0.98 1.14 0.203
Residual 15 1.60

Model 6: Habitat amount within 1 km
Model 8 1.03 1.25 0.045%*
Residual 15 1.55

Model 7: Nearest-neighbor distance
Model 8 1.00 1.18 0.143
Residual 15 1.58

Asterisks denote significance level (¥p < 0.1, **p < 0.05,
***p < 0.01)

with small and isolated patches extinction debt will be
paid off faster (Kuussaari et al. 2009). Of our study
landscapes, 58.3% were below the ten percent thresh-
old, when the loss of habitat between the oldest and the
most recent time steps was calculated within 1 km
radius. Generally low connectivity values reflected
sparse and isolated habitat distribution. Low connec-
tivity and habitat amount was observed throughout the
temporal extent of our study, leading to a suspicion on
whether meadow coverage has ever been extensive in
Central Finland. If this is the case, it is well possible
that the meadows we studied have never been
colonized by some of the specialist species and thus
there has not been extinction debt to begin with.

This second alternative conclusion has grounds on
the theory underlying the concept of extinction debt.
Extinction debt is inherently based on an assumption
of an equilibrium state where the number of species is
not changing because the rate of local extinctions
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equals the rate of local colonizations (Kuussaari et al.
2009). In case of long-lived vascular plants, develop-
ment of such equilibrium requires temporal continuity
from the habitat patches, and local habitat history can
modulate the existence of extinction debt (Koyanagi
et al. 2017). Our observation on the landscape-specific
temporal changes in the meadow coverage patterns
indicates that the process of meadow loss is not
straightforward in Central Finland. It rather follows
local land-use dynamism; this spatiotemporal insta-
bility of habitat patches can prevent the species
richness from reaching the equilibrium state.

This latter alternative is, on our opinion, the more
likely explanation of the lack of evidence for extinc-
tion debt on our study sites. Based on the observation
that habitat availability during the 1960s was reflected
in meadow species’ community structure, but not on
site-level species richness, we suggest that determin-
ing extinction debt in terms of species’ population
declines would be a more sophisticated method.
Ultimately, extinction debts arise from delayed
extinctions of many different species, each of which
will respond individualistically to the observed
destructive change in habitat (Hylander and Ehrlén
2013). Furthermore, the dynamic local context calls
for new methodologies in measuring such changes
within landscapes. Treating present and historical
patterns of habitat cover as distinct and separate
categories ignores the level of shared history of habitat
patches (Ewers et al. 2013). Even within the same
landscape, and considering single species, extinction
debt can vary in response to local habitat history
(Koyanagi et al. 2017).

Local contemporary factors impact meadow
species richness and community composition

Based on our results, contemporary habitat amount is
an important but scale-dependent driver for richness of
meadow plants in Central Finland. This supports
earlier findings that present-day grassland proportion
positively influences species richness at the local scale
(e.g. Cousins and Vanhoenacker 2011). We found that
increasing total habitat amount increased species
richness in landscapes with 1 km, but not with 2 km
radius. At the same time, nearest-neighbor distances
between meadow patches decreased. The connection
between nearest-neighbor distance and habitat amount
is based on the fact that both measure the availability
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Table 5 Statistics from permutation tests for Canonical Correspondence Analyses (CCA) under initial and constrained models

Initial model

Constrained model

2

Df g F value  p value Df ¥° F value  p value Inertia explained
Model 1: regular connectivity within 2 km 0.288
Management 1 0.18 1.73 0.011%%* 1 0.17 1.700 0.018%*
Time step 1 IIC 1 0.13 1.23 0.253
Time step 2 IIC 1 0.19 1.88 0.012%* 1 022 219 0.011%*
Time step 3 I1IC 1 0.05 047 0.960
pH 1 0.18 1.80 0.030%* 1 0.19 1.866 0.011%*
Age depth 1 0.06  0.60 0.916
North coordinate 1 0.13 1.31 0.163
East coordinate 1 0.13 1.26 0.221
Residual 15 1.53 20 2.00
Model 3: habitat amount within 2 km 0.173
Management 1 0.18 1.70 0.014%*
Time step 1 habitat amount 1 0.10  0.96 0.524
Time step 2 habitat amount 1 0.19 1.80 0.013%#* 1 0.19 1.83 0.009%%*%*
Time step 3 habitat amount 1 0.05 0.50 0.984
pH 1 0.21 2.04 0.019%* 1 0.19 1.80 0.0097%%*%*
Age depth 1 0.05 0.51 0.966
North coordinate 1 0.12 1.18 0.285
East coordinate 1 0.13 1.24 0.238
Residual 15 1.55 21 2.20
Model 6: habitat amount within 1 km 0.138
Management 1 0.18 1.71 0.008%#%*%* 1 0.17 1.61 0.017%*%*
Time step 1 habitat amount 1 0.12 1.20 0.283
Time step 2 habitat amount 1 0.13 1.23 0.258
Time step 3 habitat amount 1 0.14 1.37 0.112
pH 1 0.20 1.93 0.011%* 1 0.19 1.77 0.013%*
Age depth 1 0.08 0.74 0.793
North coordinate 1 0.10 097 0.527
East coordinate 1 0.09  0.89 0.635
Residual 15 1.55 21 222

Reference category for management is mowing

Asterisks denote significance level (*p < 0.1, **p < 0.05, ***p < 0.01)

Inertia explained (variance explained) is a measure of how well the total variation in species composition is explained by the

variables in the constrained model

of habitat in the immediate landscape surrounding the
focal patch (Fahrig 2003). They are, however, non-
linearly connected with each other (Andrén 1994).
This may explain why the response of species richness
was observed only on the smaller spatial level: the
1 km distance may be a meaningful connectivity
threshold for meadow species in Central Finland. One

kilometer distance is often used in studies concerning
forest plants (Kolk and Naaf 2015). In wind-dispersing
grassland plants seed dispersal distances are unlikely
to be more than 0.1 km (Soons et al. 2005), but for
zoochorous species that are dispersed by grazers
average distances of 3 km are realistic (Helm et al.
2005).
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In addition to habitat amount, current distance-
based connectivity explained meadow species rich-
ness. This underlines the importance of the number
and reachability of available habitat patches for
meadow plants. We observed that from the mid-
nineteenth century onwards, the overall number of
meadow habitat patches declined, the patches
decreased in size, and their edge-to-edge distances
shortened. Finally, due to the pronounced habitat loss
and fragmentation, the remnant meadows have
become isolated and this may be reflected in the
realized dispersal distances. Whereas the contempo-
rary habitat amount and configuration effects were
observed on the 1 km radius, the historical effects
were more prevalent on the 2 km radius. This may
suggest that the dispersal distance of meadow species
has become shorter. This could be possible if the
number of dispersal propagules has decreased along
with decreasing population sizes.

In addition to habitat availability, we found soil pH
and East coordinate to be important in determining
vascular plant species richness on our study sites.
More westerly located sites had more species than
easterly located sites. We suspect that this results from
a well-known climatic west-to-east gradient across
Finland that affects vegetation and species richness
(Ahti et al. 1968).

The importance of soil pH for plant diversity in
Europe is well known, but usually the relationship
between the two is positive (Dupré and Ehrlén 2002;
Partel et al. 2004). Interestingly, our finding partially
contrasts this, as we observed higher species numbers
at intermediate soil pH values. An earlier study
conducted on wood-pastures located in the same
geographical region found that vascular plant richness
increased with increasing pH, but also in this case the
effect was humped, with a peak around pH of 4.5
(Oldén et al. 2016). In this wood-pasture data the pH
values ranged from 3.1 to 4.9 and in our meadow data
the range was from 3.7 to 5.2. This indicates that in
boreal semi-natural habitats the relationship between
vascular plant species richness and soil pH may be
humped, and peaks somewhere between values 4.0
and 4.5, but testing this assumption needs further
effort.

Another mechanism that may explain both the non-
linear effect of soil pH and the previously mentioned
observed lack of meadow specialists is habitat deteri-
oration due to low management quality. We found that
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pH was positively correlated with average vegetation
height, and it affected species communities. For
example, two tall-growing species associated with
high soil pH were Alopecurus pratensis and Anthriscus
sylvestris, both of which are indicators of poor
management (Online resource 2, Pykild 2001). Tall
vegetation is generally considered as a sign of inade-
quate management on dry and mesic meadows
(Raatikainen 2009). Ineffective removal of biomass
may lead to proliferation of rapidly growing strong
competitors, which reduces the overall species rich-
ness (Grime 1973). According to our field observa-
tions, some of the study sites suffered from low-quality
management. However, as we did not directly analyze
the effect of management intensity on species richness,
the question on the possible effects of habitat deteri-
oration remains open and needs further exploration.

Although management regime did not affect
species richness, mown and grazed meadows differed
from each other in terms of their communities. A
recent meta-analysis on the biodiversity benefits of
grassland management revealed only small differ-
ences in the effect of grazing and annual mowing, but
indicated that grazing had an overall more positive
effect (Tille et al. 2016). Our results complement this
conclusion by highlighting that mown and grazed
meadows host different species. We agree with Télle
et al. (2016) that the mechanisms involved in the
effects of grazing and mowing are not clear and need
further clarification. The studies would benefit of
including also other environmental and historical
factors, as we found out that community structure
was also significantly affected by soil pH and past
habitat availability.

Conclusion

Based on our results, we suggest that in order to
effectively conserve meadow biodiversity in land-
scapes where meadows are already highly fragmented,
a focus on contemporary factors such as location, soil
acidity, and management method is of essence. The
existence of possible biological legacies depends on
local to regional land-use history, and because of
landscape-specific differences it is advisable to con-
firm whether extinction debt is present or not in each
case. We found that remnant meadows’ species
communities respond to habitat amount and
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connectivity 50 years ago, but this effect did not
express extinction debt, which is usually examined in
terms of species richness.

We recommend usage of multiple levels of analysis
as species’ responses to habitat amount and configu-
ration are scale-dependent and individual. In Central
Finland, both mown and grazed meadows with high
species richness need to be managed in the future. The
management effort should preferably be targeted to
sites located near to each other. This would maximize
the richness of species benefiting from the manage-
ment actions and reduce the isolation effect that most
likely delimits the dispersal of meadow species within
the current fragmented landscape.

We suggest that future studies concerning highly
fragmented meadows could explore which other key
environmental factors, in addition to soil pH and
management regime, affect their biodiversity. Con-
sidering spatiotemporal factors, biodiversity legacies
in terms of possible connections between patch-
specific land-use history (so-called terragenies) and
species’ populations’ persistence would be an inter-
esting research subject.

Acknowledgements Open access funding provided by
University of Turku (UTU) including Turku University
Central Hospital. This study was funded by Maj and Tor
Nessling and Kone Foundations. The Centre for Economic
Development, Transport and the Environment for Central
Finland provided us the contact information of the landowners
of the study sites, and the time step 2 maps. Field data was
collected by Tinja Pitkdmiki, Jenni Toikkanen, Leeni
Hiamynen, Annukka Partanen, and Kaisa Tervonen. Emma-
Liina Marjakangas assisted in georeferencing of cadastral maps.
Two anonymous reviewers provided valuable comments on the
manuscript. Finally, we wish to thank all the landowners for
allowing us to conduct surveys on their properties.

Open Access This article is distributed under the terms of the
Creative Commons Attribution 4.0 International License (http://
creativecommons.org/licenses/by/4.0/), which permits unre-
stricted use, distribution, and reproduction in any medium,
provided you give appropriate credit to the original
author(s) and the source, provide a link to the Creative Com-
mons license, and indicate if changes were made.

References

Ahti T, Hamet-Ahti L, Jalas J (1968) Vegetation zones and their
sections in northwestern Europe. Ann Bot Fennici
5:169-211.

Andrén H (1994) Effects of habitat fragmentation on birds and
mammals in landscapes with different proportions of
suitable habitat: a review. Oikos 71:355-366.

Andrén H, Delin A, Seiler A, Andren H (1997) Population
response to landscape changes depends on specialization to
different landscape elements. Oikos 80:193-196.

Barton K (2018) MuMIn: multi-model inference. https://cran.r-
project.org/web/packages/MuMIn

Bender O, Boehmer HJ, Jens D, Schumacher KP (2005) Using
GIS to analyse long-term cultural landscape change in
Southern Germany. Landsc Urban Plan 70:111-125.

Bivand R, Altman M, Anselin L, Assuncao R, Berke O, Bernat
GA (2017) spdep: spatial dependence: weighting schemes,
statistics and models. https://r-forge.r-project.org/projects/
spdep/

Burnham KP, Anderson DR (2002) Model selection and mul-
timodel inference: a practical information-theoretic-ap-
proach. Springer, New York

Cousins SAO (2009) Extinction debt in fragmented grasslands:
paid or not? J Veg Sci 20:3-7.

Cousins SAO, Lindborg R (2008) Remnant grassland habitats as
source communities for plant diversification in agricultural
landscapes. Biol Conserv 141:233-240.

Cousins SAO, Vanhoenacker D (2011) Detection of extinction
debt depends on scale and specialisation. Biol Conserv
144:782-787.

Dupré C, Ehrlén J (2002) Habitat configuration, species traits
and plant distributions. J Ecol 90:796-800.

Ewers RM, Didham RK, Pearse WD, Lefebvre V, Rosa IMD,
Carreiras JMB, Lucas RM, Reuman DC (2013) Using
landscape history to predict biodiversity patterns in frag-
mented landscapes. Ecol Lett 16:1221-1233.

Fahrig L (2003) Effects of habitat fragmentation on biodiversity.
Annu Rev Ecol Evol Syst 34:487-515

Fahrig L (2013) Rethinking patch size and isolation effects: the
habitat amount hypothesis. J Biogeogr 40:1649-1663.

Fahrig L (2017) Ecological responses to habitat fragmentation
per se. Annu Rev Ecol Evol Syst 48:1-23.

Fischer J, Lindenmayer DB (2007) Landscape modification and
habitat fragmentation: a synthesis. Glob Ecol Biogeogr
16:265-280.

Grime JP (1973) Competitive exclusion in herbaceous vegeta-
tion. Nature 242:344-347.

Grueber CE, Nakagawa S, Laws RJ, Jamieson IG (2011) Mul-
timodel inference in ecology and evolution: challenges and
solutions. J Evol Biol 24:699-711.

Haddad NM, Brudvig LA, Clobert J, Davies KF, Gonzalez A,
Holt RD, Lovejoy TE, Sexton JO, Austin MP, Collins CD,
Cook WM (2015) Habitat fragmentation and its lasting
impact on Earth’s ecosystems. Sci Adv 1:e1500052.

Hanski I (2011) Habitat loss, the dynamics of biodiversity, and a
perspective on conservation. Ambio 40:248-255.

Hanski I (2015) Habitat fragmentation and species richness.
J Biogeogr 42:989-993.

Heikkinen I (2007) Luonnon puolesta—ihmisen hyviksi. In
Finnish, Ministry of the Environment, Helsinki

Helm A, Hanski I, Partel M (2005) Slow response of plant
species richness to habitat loss and fragmentation. Ecol
Lett 9:72-77.

Hylander K, Ehrlén J (2013) The mechanisms causing extinc-
tion debts. Trends Ecol Evol 28:341-346.

@ Springer


http://creativecommons.org/licenses/by/4.0/
http://creativecommons.org/licenses/by/4.0/
https://cran.r-project.org/web/packages/MuMIn
https://cran.r-project.org/web/packages/MuMIn
https://r-forge.r-project.org/projects/spdep/
https://r-forge.r-project.org/projects/spdep/

2186

Landscape Ecol (2018) 33:2169-2187

Kindlmann P, Burel F (2008) Connectivity measures: a review.
Landscape Ecol 23:879-890.

Kolk J, Naaf T (2015) Herb layer extinction debt in highly
fragmented temperate forests—completely paid after
160 years? Biol Conserv 182:164-172.

Koyanagi TF, Akasaka M, Oguma H, Ise H (2017) Evaluating
the local habitat history deepens the understanding of the
extinction debt for endangered plant species in semi-nat-
ural grasslands. Plant Ecol 218:725-735.

Krauss J, Bommarco R, Guardiola M, Heikkinen RK, Helm A,
Kuussaari M, Lindborg R, Ockinger E, Pirtel M, Pino J,
Poyry J (2010) Habitat fragmentation causes immediate
and time-delayed biodiversity loss at different trophic
levels. Ecol Lett 13:597-605.

Kuussaari M, Bommarco R, Heikkinen RK, Helm A, Krauss J,
Lindborg R, Ockinger E, Pirtel M, Pino J, Roda F, Ste-
fanescu C (2009) Extinction debt: a challenge for biodi-
versity conservation. Trends Ecol Evol 24:564-571.

Laita A, Kotiaho JS, Monkkonen M (2011) Graph-theoretic
connectivity measures: what do they tell us about con-
nectivity? Landscape Ecol 26:951-967.

Lampila P, Monkkonen M, Desrochers A (2005) Demographic
responses by birds to forest fragmentation. Conserv Biol
19:1537-1546.

Lampinen J, Heikkinen RK, Manninen P, Ryttéri T, Kuussaari
M (2017) Importance of local habitat conditions and past
and present habitat connectivity for the species richness of
grassland plants and butterflies in power line clearings.
Biodivers Conserv. https://doi.org/10.1007/s10531-017-
1430-9

Lindborg R, Eriksson O (2004) Historical landscape connec-
tivity affects present plant species diversity. Ecology
85:1840-1845.

Luoto M, Pykila J, Kuussaari M (2003a) Decline of landscape-
scale habitat and species diversity after the end of cattle
grazing. J Nat Conserv 11:171-178.

Luoto M, Rekolainen S, Aakkula J, Pykild J (2003b) Loss of
plant species richness and habitat connectivity in grass-
lands associated with agricultural change in Finland.
Ambio 32:447-452.

MacArthur RH, Wilson E (1967) The theory of island bio-
geography. Princeton University Press, Princeton

Millennium Ecosystem Assessment (MEA) (2005) Ecosystems
and human well-being: synthesis. Island Press, Washing-
ton, DC

Moilanen A, Nieminen M (2002) Simple connectivity measures
in spatial ecology. Ecology 83:1131-1145

Mokkonen T (2006) Historiallinen paikkatieto. Digitaalisen
paikkatiedon tuottaminen historiallisista kartoista. Min-
istry of the Environment, Helsinki (In Finnish with Eng-
lish abstract)

Monkkonen M, Reunanen P (1999) On critical thresholds in
landscape connectivity: a management perspective. Oikos
84:302-305.

Oksanen J, Guillaume Blanchet F, Friendly M, Wagner HH
(2017) vegan. Community Ecology Package. https://cran.r-
project.org/web/packages/vegan/

Oldén A, Raatikainen KJ, Tervonen K, Halme P (2016) Grazing
and soil pH are biodiversity drivers of vascular plants and
bryophytes in boreal wood-pastures. Agric Ecosyst Envi-
ron 222:171-184.

@ Springer

Oster M, Cousins SAO, Eriksson O (2007) Size and hetero-
geneity rather than landscape context determine plant
species richness in semi-natural grasslands. J Veg Sci
18:859-868.

Pardini R, de Bueno AA, Gardner TA, Prado PI, Metzger JP
(2010) Beyond the fragmentation threshold hypothesis:
regime shifts in biodiversity across fragmented landscapes.
PLoS ONE 5:e13666.

Partel M, Helm A, Ingerpuu N, Reier U, Tuvi EL (2004) Con-
servation of Northern European plant diversity: the corre-
spondence with soil pH. Biol Conserv 120:525-531.

Pascual-Hortal L, Saura S (2006) Comparison and development
of new graph-based landscape connectivity indices:
towards the priorization of habitat patches and corridors for
conservation. Landscape Ecol 21:959-967.

Pimm SL, Russell GJ, Gittleman JL, Brooks TM (1995) The
future of biodiversity. Science 269:347-350.

Pitkdnen TP, Kumpulainen J, Lehtinen J, Sihvonen M, Kidyhko
N (2016) Landscape history improves detection of mar-
ginal habitats on semi-natural grasslands. Sci Total Envi-
ron 539:359-369.

Pitkdnen TP, Mussaari M, Kiyhko N (2014) Assessing
restoration potential of semi-natural grasslands by land-
scape change trajectories. Environ Manage 53:739-756.

Pykdld J (2000) Mitigating human effects on European biodi-
versity through traditional animal husbandry. Conserv Biol
14:705-712.

Pykaild J (2001) Maintaining biodiversity through traditional
animal husbandry. Finnish Environment Institute, Vam-
mala (In Finnish with English abstract)

Pykdld J (2007) Maintaining plant species richness by cattle
grazing: mesic semi-natural grasslands as focal habitats.
Dissertation, University of Helsinki

Pykild J, Luoto M, Heikkinen RK, Kontula T (2005) Plant
species richness and persistence of rare plants in aban-
doned semi-natural grasslands in northern Europe. Basic
Appl Ecol 6:25-33.

R Core Team (2017) R: A language and environment for sta-
tistical computing

Raatikainen KM (2009) Perinnebiotooppien seurantaohje.
Metsihallitus, Parks & Wildlife Finland, Vantaa (In
Finnish)

Rassi P, Hyvirinen E, Juslén A, Mannerkoski I (2010) The 2010
red list of Finnish species. Ministry of the Environment &
Finnish Environment Institute, Helsinki

Raunio A, Schulman A, Kontula T (2008) Assessment of
threatened habitat types in Finland. Finnish Environment
Institute, Helsinki (In Finnish with English summary)

Ripley B, Venables B, Bates DM, Hornik K, Gebhardt A, Firth
D, Ripley MB (2017) MASS: support functions and data-
sets for Venables and Ripley’s MASS. http://www.stats.ox.
ac.uk/pub/MASS4/

Rybicki J, Hanski I (2013) Species-area relationships and
extinctions caused by habitat loss and fragmentation. Ecol
Lett 16:27-38.

Sala OE, Chapin FS III, Armesto JJ, Berlow E, Bloomfield J,
Dirzo R, Huber-Sanwald E, Huenneke LF, Jackson RB,
Kinzig A, Leemans R (2000) Global biodiversity scenarios
for the year 2100. Science 287:1770-1774.


https://doi.org/10.1007/s10531-017-1430-9
https://doi.org/10.1007/s10531-017-1430-9
https://cran.r-project.org/web/packages/vegan/
https://cran.r-project.org/web/packages/vegan/
http://www.stats.ox.ac.uk/pub/MASS4/
http://www.stats.ox.ac.uk/pub/MASS4/

Landscape Ecol (2018) 33:2169-2187

2187

Salminen P, Kekildinen H (2000) Perinnebiotooppien hoito
Suomessa: perinnemaisemien hoitotyoryhmin mietinto.
Ministry of the Environment, Helsinki (In Finnish)

Saura S, Torné J (2009) Conefor Sensinode 2.2: a software
package for quantifying the importance of habitat patches
for landscape connectivity. Environ Model Softw
24:135-139.

Soininen AM (1974) Old traditional agriculture in Finland in the
18th and 19th centuries. Suomen historiallinen seura,
Helsinki (In Finnish with English summary)

Soons MB, Messelink JH, Jongejans E, Heil GW (2005) Habitat
fragmentation reduces grassland connectivity for both
short-distance and long-distance wind-dispersed forbs.
J Ecol 93:1214-1225.

Tille M, Dedk B, Poschlod P, Valké O, Westerberg L, Milberg P
(2016) Grazing vs. mowing: a meta-analysis of

biodiversity benefits for grassland management. Agric
Ecosyst Environ 222:200-212.

Uusitalo A (2007) Kylien kaunokit, soiden sarat. Keski-Suomen
uhanalaiset kasvit. Keski-Suomen ympdiristokeskus,
Jyviskyld & Vammala (In Finnish)

Villard MA, Metzger JP (2014) Beyond the fragmentation
debate: a conceptual model to predict when habitat con-
figuration really matters. J Appl Ecol 51:309-318.

Wilson MC, Chen X-Y, Corlett RT, Didham RK, Ding P, Holt
RD, Holyoak M, Hu G, Hughes AC, Jiang L, Laurance WF,
Liu J, Pimm SL, Robinson SK, Russo SE, Si X, Wilcove
DS, Wu J, Yu M (2016) Habitat fragmentation and biodi-
versity conservation: key findings and future challenges.
Landscape Ecol 31(2):219-227

@ Springer



	Contemporary spatial and environmental factors determine vascular plant species richness on highly fragmented meadows in Central Finland
	Abstract
	Context
	Objectives
	Methods
	Results
	Conclusions

	Introduction
	Methods
	Study sites
	Plant and soil data
	Landscape variables
	Statistical analyses

	Results
	Meadow loss and fragmentation
	Vascular plant species richness
	Community composition of meadow species

	Discussion
	Strong habitat loss but weak evidence for extinction debt
	Local contemporary factors impact meadow species richness and community composition

	Conclusion
	Acknowledgements
	References




